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ABSTRACT

Nitrogen Dynamics in Coastal California Watersheds, Beaches, and the Nearshore Ocean
by
Blair MacPherson Goodridge

Nitrogen plays a dual role in coastal oceans. It sustains primary production, the foundation
of coastal marine food webs, but can also cause degradation in the forms of eutrophication,
harmful algal blooms, and hypoxia when supplied in excessive quantity from urban and
agricultural land uses. In this dissertation, I examined the biogeochemical, land use, and
hydrologic factors that regulate the concentration of dissolved inorganic nitrogen (DIN) in
two nitrogen suppliers to the nearshore coastal ocean in the Santa Barbara, California region:
watershed streams and beach pore water. In addition, I examined the influence of nearshore
seawater and beach pore water dissolved organic matter (DOM) composition on the uptake
of DIN by bacterioplankton, the primary decomposers in coastal oceans. I found that that the
relationships between stream nitrate concentration and stream runoff were consistent within
three broad land uses: agricultural, urban, and undeveloped. As stream runoff increased,
three agricultural watersheds showed nitrate dilution, two urban watersheds showed
invariance, and one undeveloped watershed showed nitrate enrichment. The undeveloped
upper mountainous watershed regions were dominant contributors of water and nitrate to
stream runoff and nitrate across the whole watershed during periods of high runoff, such that
the variability in stream nitrate concentrations during stormflow (rainstorms) was ~ 12% of
the nitrate variability during baseflow (dry periods). In beach pore water, fresh groundwater
with potentially elevated nitrate is largely precluded from discharge through beach sands by
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the dominant coastal bluff geomorphology of the region. However, tides circulate seawater
into and out of beach sands, introducing marine particulate organic matter (POM), such as
phytoplankton, giant kelp (Macrocystis pyrifera), and detrital material that is then degraded
by heterotrophic microbes in beach sands to DOM and DIN. I integrated pore water radon
residence time distributions with DIN temporal evolution curves to calculate volumeweighted mean (VWM) DIN concentrations, which represented the DIN concentration of
pore water discharging to the coastal ocean. I found that the combination of temporal
variability in the residence time distribution due to spring-neap tidal cycles with the temporal
evolution of DIN concentrations due to POM and DOM loading can result in substantial
variability in pore water VWM DIN concentrations that should be accounted for in
calculating DIN flux to coastal oceans. When pore water mixes with nearshore seawater
upon discharge from the beach sands, DIN that was produced within beaches becomes
available for uptake by bacterioplankton. I used excitation emission matrix (EEM)
fluorescence spectroscopy, respiratory quotient determinations (i.e., ratio of CO 2 production
to O2 consumption), and DIN concentration analysis in a 7-day time-series dark incubation to
determine how variability in DOM composition in seawater and pore water influenced DIN
uptake by bacterioplankton in nearshore seawater. I found that mixing of seawater and pore
water promoted greater DIN uptake than occurred in pore water alone, which is likely the
result of the presence of more labile seawater DOM and/or production of more labile DOM
under seawater and pore water mixing. Together, the studies described herein enhance our
understanding of nitrogen dynamics in coastal marine regions, and thus can enhance coastal
zone management and development practices that seek to preserve the functioning of coastal
marine ecosystems.
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Chapter 1. Introduction
Coastal marine regions lie at the boundary of terrestrial ecosystems, receiving a wide
array of chemical elements discharged by coastal streams, rivers, and aquifers. Nitrogen is
one of the most vital of these elements, as it is essential to the biosynthesis of amino acids,
nucleic acids, and proteins. The inorganic precursors of this biosynthesis—ammonium
(NH4+), nitrite (NO2-), and nitrate (NO3-)—are collectively referred to as dissolved inorganic
nitrogen (DIN). DIN is delivered to the coastal ocean via streams, rivers, and groundwater,
where it can be an important nitrogen source to primary producers, phytoplankton and
macroalgae, which act as the foundation of all coastal marine food webs (Howarth, 1988;
Valiela et al., 1990). However, urbanization and agricultural activity elevate this nitrogen
delivery (Boyer et al., 2006; Galloway et al., 2004), which in turn alters coastal marine
nitrogen cycling, causing eutrophication, harmful algal blooms, and hypoxic water masses
(Anderson et al., 2002; Diaz and Rosenberg, 2008). Thus, stream, river, and groundwater
delivery of nitrogen has the potential to both sustain and degrade coastal marine ecosystems.
An understanding of the factors that regulate the timing and magnitude of nitrogen delivery
from land to ocean is of prime importance to coastal zone management and development
practices that seek to preserve the functioning of coastal marine nitrogen cycles and healthy
coastal marine ecosystems.
The magnitude of DIN delivery, or DIN flux, to coastal oceans is a product of
discharge and DIN concentration in the hydrologic source. Therefore, it is first necessary to
identify the causes of DIN concentration variability in hydrologic sources to accurately
assess DIN delivery rates to the coastal ocean. Land use is often a dominant determinant of
stream and river DIN concentrations, in particular nitrate, which is the main form of DIN in
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surface runoff due to the elevated nitrate loads streams and rivers receive from agricultural
and urban land uses (Caraco and Cole, 1999). Beaches sit at the interface of terrestrial and
marine ecosystems, where groundwater can discharge through beach sands to coastal oceans.
However, the primary source of groundwater in beaches is seawater, continuously circulating
into and back out of beach sands, driven by waves and tides (Li et al., 1999; Martin et al.,
2007; Robinson et al., 2007; Urish and McKenna, 2004). This recirculating seawater, or
saline pore water, delivers marine particulate and dissolved organic matter (POM and DOM,
respectively) that is mineralized in beach pore water, producing high concentrations of DIN
(Santos et al., 2009). When this high DIN concentration pore water is flushed back to the
coastal ocean, the DIN becomes available for uptake by primary producers and
bacterioplankton (i.e., heterotrophic floating bacteria). In addition to the production of high
DIN concentrations, pore water DOM is altered by heterotrophic microbial processing in
beach sands (Kim et al., 2012; Seidel et al., 2014), in turn influencing uptake by coastal
seawater bacterioplankton which receive the DIN and DOM discharged from beaches.
In the second and third chapters of my dissertation I examined land use,
biogeochemical, and hydrologic factors that determine DIN concentrations in coastal
watershed streams and beach pore water in the Santa Barbara, California region. The coastal
watersheds in the Santa Barbara region are small in area and drain from their headwaters in
the Santa Ynez Mountains to the Santa Barbara Channel through the lower watershed regions
which have distinctly different land uses. This feature allowed me to parse clear land use
signals in stream nitrate concentrations and nitrate concentration relationships with stream
runoff over the range in hydrologic conditions, from low runoff (i.e., base flow) to high
runoff (i.e., stormflow). The beaches in the Santa Barbara region are primarily marine-
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influenced due to predominant coastal bluff geomorphology that precludes significant
groundwater inputs from shallow coastal aquifers. This feature allowed me to identify the
magnitude of and temporal variation in DIN concentrations in beach pore water from the
mineralization of marine dissolved and particulate organic matter (DOM and POM). In my
fourth chapter, I examined the influence of seawater and pore water DOM composition on
bacterioplankton uptake of DIN. Seawater and pore water DOM composition often differ
due to the variable importance of autotrophic versus heterotrophic processing of DOM in
each setting. Bacterioplankton are heterotrophic, meaning that they are solely dependent on
DOM for energy and growth. The chemical composition of DOM therefore influences the
lability of each DOM source to bacterioplankton, and thus their ability to maintain the
metabolic functions that allow uptake of DIN from pore water that mixes with coastal
seawater.
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Chapter 2. Land use control of stream nitrate concentrations in mountainous coastal
California watersheds

Introduction
Agriculture and urbanization have increased the amount of biologically-available
nitrogen in streams through the application of fertilizer, aging and leaky water supply and
sewage infrastructure, and creation of impervious landscapes (Galloway et al., 2003;
Vitousek et al., 1997). Biologically-available nitrogen exists in three dissolved forms in
stream water: ammonium (NH4+), dissolved organic nitrogen (DON), and nitrate (NO3-).
Stream nitrogen composition is a product of inputs from land uses in the watershed and
biogeochemical processes (Lischeid, 2008). Cation adsorption of ammonium to clay
minerals (Dillon and Molot, 1990), nitrification of ammonium to nitrate (Vitousek et al.,
1982), and mineralization of DON to ammonium and uptake by plant and microbial
communities or subsequent microbial nitrification (Hill and Warwick, 1987; Peterson et al.,
2001), are biogeochemical processes that can lead to nitrate being the most abundant form of
dissolved nitrogen in streams. In addition, while agricultural and urban land uses increase
the concentration of all three forms of dissolved nitrogen, nitrate concentration often has the
strongest positive correlations with land use and human population size (Caraco and Cole,
1999).
Comparative studies in streams of concentration versus runoff relationships (i.e., CQ) among watersheds of varying land use can provide insight into how watershed hydrology
and land use interactively regulate nitrogen inputs to stream water and downstream aquatic
ecosystems (DeFries and Eshleman, 2004; Jordan et al., 1997; Meixner and Fenn, 2004;
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Shields et al., 2008). The simplest models have identified two end-member sources that
contribute solutes to streams during times of low runoff (i.e., baseflow) and high runoff (i.e.,
stormflow), and are typically identified as groundwater and precipitation sources,
respectively (Burns et al., 2001). Inclusion of a third end-member, soil water, is often found
to be important (Christophersen et al., 1990; Hooper et al., 1990). Most of the studies that
employ mixing models have focused on streams draining predominantly undeveloped
watersheds (Poor and McDonnell, 2007). Watersheds characterized by urban and
agricultural land uses can complicate interpretation of mixing models, as these land uses have
other potential solute sources, including potable water and sewage from leaking
infrastructure (Caraco and Cole, 1999; Lerner, 1986; Silva et al., 2002; Yang et al., 1999),
impervious surface runoff from buildings and roads (Driscoll et al., 2003; Jaworski et al.,
1997), and agricultural irrigation water (Carpenter et al., 1998; Di and Cameron, 2002). In
such cases, a hyperbolic equation may have the requisite flexibility in fitting C-Q
relationships (Barco et al., 2008; Godsey et al., 2009). A hyperbolic equation generates three
parameters: a hyperbolic slope parameter that identifies dilution, invariance, or enrichment
behavior, and two solute concentrations, which are baseflow and stormflow solute
concentration modes. Dilution, invariance, and enrichment occur when the rate of solute
mobilization per volume of water input to a stream decreases (dC dQ -1 < 0), remains constant
(dC dQ-1 = 0), or increases (dC dQ-1 > 0), respectively, as runoff (Q) increases (Salmon et al.,
2001). The baseflow and stormflow modes are estimates of the most frequently observed
solute concentration at low runoff and high runoff, respectively. Coupled with additional
hydrochemical and land use information, comparative analyses of C-Q behavior and
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baseflow and stormflow solute concentration modes can allow important insights into
probable solute sources and biogeochemical mechanisms.
In semi-arid Mediterranean climatic regions, nitrogen mobility in undeveloped
watersheds is partly regulated by the timing and magnitude of precipitation (Avila et al.,
1992; Butturini and Sabater, 2002; Poor and McDonnell, 2007). The dry season, with little
to no measurable precipitation, causes depletion of soil water and shallow groundwater stores
through streamflow and evapotranspiration (Avila et al., 1992; Biron et al., 1999). The
arrival of the wet season replenishes soil and groundwater stores, but to a variable extent
depending on the number of precipitation events and their magnitude (Beighley et al., 2008;
Butturini and Sabater, 2002; Latron et al., 2009). These pulsed and irregular precipitation
dynamics make the timing and amount of water delivery to streams a function of watershed
soil moisture deficits (Bernal et al., 2004; Chamran et al., 2002; Latron et al., 2009), which
dictate the degree of hydrologic connectedness of streams with their soil water and
groundwater solute sources. Soil microbial nitrogen processing, which is coupled to drying
and wetting, exerts some control on the timing and amount of nitrogen delivery to streams
(Belnap et al., 2005; Fierer and Schimel, 2002; Miller et al., 2005), as does nitrogen build-up
during the dry season, which can contribute to nitrogen flushing at the onset of the wet
season (Meixner and Fenn, 2004; Sobota et al., 2009).
Streams are not only laterally connected to the landscape, but also are longitudinally
connected as they flow from headwater regions to lower reaches. In some situations,
headwater streams can contribute an average 70% of the mean annual water flux and 65% of
the nitrogen flux to lower reaches and coastal oceans (Alexander et al., 2007). Hence,
alteration of headwater regions can induce downstream ecological and biogeochemical
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changes such as eutrophication and hypoxia, and impairment of drinking water quality
(Freeman et al., 2007; Mitsch et al., 2001). The presence of urban and agricultural land uses
can alter the hydrologic pathways that deliver nitrogen compounds to streams and watershed
stores of nitrogen (Basu et al., 2010; Jordan et al., 1997), introducing additional solute
sources that can change hydrologic and biogeochemical watershed functioning. It is
therefore important to understand the factors that control the degree of hydrological linkage
of the headwater regions to their lower receiving water bodies, and the biogeochemical and
land use processes that influence solutes that these headwater regions deliver, in order to
understand potential ecological alterations and water quality impairments to downstream
ecosystems.
Our goal is to identify variation in nitrate-runoff relationships in coastal California
watersheds with varying amounts of agricultural, urban/suburban, and undeveloped area
(Figure 1, Table 1). Nitrate is the focus of our investigation because it comprises the largest
fraction of total dissolved nitrogen. We generate hyperbolic equation parameters for nitraterunoff relationships for each watershed to derive their C-Q type (i.e., dilution, invariance, and
enrichment) and baseflow and stormflow nitrate modes. To assess source water mixing
dynamics, we also use the hyperbolic equation to generate C-Q types and baseflow and
stormflow electrical conductance (EC) modes for EC-runoff relationships. In light of the
high inter- and intra-annual variability in precipitation characteristic of the Mediterranean
climate in coastal California, we assess the suitability of using only one stormflow nitrate
mode to characterize stream nitrate concentrations during high runoff using nitrate-EC plots.
We determine if a comparison of inter-watershed variation in nitrate-runoff and EC-runoff
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relationships, and nitrate-EC plots, allows us to identify the most probable sources of water
and nitrate to streams given our knowledge of the spatial variation of land uses.

Methods
Physical setting and climate characteristics
The watersheds we sampled are located on the south-facing slopes of the coastal
Santa Ynez Mountains (California) and are characterized by mountainous headwaters that
drain across mildly sloping, narrow coastal plains and outlet into the Santa Barbara Channel
(Pacific Ocean) (Figure 1). Over 80% of annual precipitation typically falls between
December and March (Figure 2). The relief (Table 1), southern orientation of the
watersheds, and the predominant south-southwest winds with the passage of storm systems
during the rainy season cause substantial orographic enhancement of rainfall (Beighley et al.,
2003). Mean annual precipitation at a ridgeline gauge (1000 m asl) during our period of
study from 2002 to 2008 was 210% greater than that of a low elevation (30 m asl) gauge
(Figure 2). Inter-annual rainfall variability was high; from 2002 to 2008 mean annual rainfall
ranged from a low of 2.2% in 2007 to a high of 96.4% in 2005 of the long-term (1868 –
2008) annual rainfall maximum, respectively (Table 2).

Field measurements
Stream water level was measured at a five-minute frequency near the watershed outlet
of each stream using a pressure transducer (Solinst Canada Ltd., Georgetown, Ontario)
corrected for atmospheric pressure. These water level records were converted to stream
discharge using geomorphic profiles surveyed for each stream and a hydraulic computation
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program, Hydrologic Engineering Center-River Analysis Program (HEC-RAS) (USACE,
2005). Runoff was calculated as discharge divided by watershed area. Baseflow and
stormflow measurements were averaged over 12-hour and 1-hour periods, respectively. Rain
was collected during storm events in a sampler composed of a polyethylene funnel and 2-L
bottle mounted 2 m above the ground.

A 10 cm diameter manually-read rain gauge was

used to measure rainfall in association with sampling for rain chemistry.
Baseflow samples were collected weekly from November through May and biweekly
from June through October. These samples were filtered in the field through Gelman A/E
glass fiber filters (1 µm nominal pore size) into 60 mL high density polyethylene (HDPE)
bottles triple-rinsed with filtered stream water before sample collection. Samples were stored
at 4oC upon return to the laboratory.
Stormflow samples were collected hourly on the rising limb of the hydrograph, and
every two to four hours on the falling limb. Stormflow samples were collected either
manually in triple-rinsed 500 mL HDPE bottles or automatically using ISCO 6712C portable
water samplers (Teledyne Isco, Inc., Lincoln, Nebraska). The 500 mL ISCO sample
collection bottles were triple rinsed with deionized water prior to deployment. Autosampler
deployments typically lasted 20-24 hours, and samples were iced during this period and
stored at 4oC after retrieval.
Analytical measurements
Dissolved ammonium and nitrate concentrations were determined on a Lachat flow
injection autoanalyzer (Hach Company, Loveland, Colorado). Ammonium was measured by
adding base to the sample stream, which converted NH4+ to NH3. Nitrate was measured
using the Griess-Ilosvay reaction after cadmium reduction. The detection limit for
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ammonium and nitrate was 0.5 µM, sensitivity was ± 0.2 µM and accuracy was ± 5%.
Filtered samples were assayed for total dissolved nitrogen (TDN) by alkaline persulfate
digestion in an autoclave for 25 minutes followed by determination of nitrate as above. The
detection limit for TDN was 1 µM, sensitivity was ± 0.5 µM and accuracy was ± 10%.
Dissolved organic nitrogen (DON) was calculated as the difference between TDN and the
sum of nitrate and ammonium. Specific conductance of unfiltered water was measured with
a conductivity bridge (cell constant = 1.0) and readings were corrected to 25° C. A 1,400 µS
cm-1 standard was used for calibration.

Land use analysis
Land use classification was performed using data obtained by the Airborne
Visible/Infrared Imaging Spectrometer (AVIRIS), which is an optical sensor that captures
reflected spectral radiances from the Earth’s surface in 224 contiguous spectral channels with
wavelengths from 400 to 2,500 nm. Two AVIRIS flightlines were flown on August 6, 2004
for the Santa Barbara region. Imagery from these two flights was processed and merged to
form one scene. Spectral libraries were generated, and an iterative selection of the spectra
was performed to identify spectral signatures for individual land use classes of interest.
Multiple end-member spectral analysis was then used to produce a land use and land cover
map (Roberts et al., 1998).

Data analysis
Volume-weighted mean (VWM) concentrations were calculated for each watershed
for their respective period of sampling (Table 3) using the following equation:
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∑
∑

(1)

Where Ci = stream water concentration (µM), Qi = watershed discharge (L hr -1), and N =
total number of data points. Median absolute deviations (MAD) were calculated since
frequency distributions of stream water solute concentrations often exhibited skewness and
had outlier values that biased a measure such as the standard deviation (Dennis and Hirsch,
1993). MAD is a robust measure of the variability of a uni-variate dataset, and is defined as
the median of the absolute deviations from the dataset’s median.
Electrical conductance has been used by researchers as a conservative tracer to
identify the contribution of pre-event water (also referred to as baseflow or groundwater) and
event water (also referred to as precipitation) to stream water during storms in both
undeveloped (Laudon and Slaymaker, 1997; Pilgrim et al., 1979) and urban watersheds
(Pellerin et al., 2008). Studies using EC to distinguish these two water sources have reported
relatively small differences (<50 µS cm-1) between groundwater and precipitation values in
temperate, forested watersheds, creating uncertainty and ambiguity in assigning relative
contributions of the two sources (Laudon and Slaymaker, 1997; Matsubayashi et al., 1993;
McDonnell et al., 1991). In watersheds impacted by urban and agricultural land uses,
baseflow EC values are often elevated by 1-2 orders of magnitude relative to precipitation
EC values, reducing the uncertainty in two-source separations, but complicating
identification of potential water and solute sources, as there are often a greater number of
these sources and delivery pathways in urban and agricultural than in undeveloped
watersheds. However, the mathematical form of EC-runoff relationships within individual
watersheds and the identification of potential baseflow and stormflow EC modes, together
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with additional hydrochemical information, can help determine potential solute sources
during periods of low and high runoff.
Nitrate-runoff and EC-runoff relationships were investigated using locally-weighted
scatter plot smoothing (LOWESS). LOWESS is an exploratory data analysis technique that
assumes no pre-determined functional form of these relationships (Cleveland, 1979;
Cleveland and Devlin, 1988). The main difference between the LOWESS technique and
other polynomial regression techniques is that local, rather than global, first degree
polynomial fits are computed, allowing potential non-linearity of relationships to emerge. A
bandwidth parameter (f) is set by the data analyst, from 0 to 1, which controls the
“smoothness” of the LOWESS fit. For each runoff value in the dataset, xi, a local first order
polynomial is fit to [f ∙ n] of the data points whose abscissas are closest to xi, where n is the
total number of x-y pairs. Each of these local fittings is performed by weighted least squares
in which data points close to xi receive large weight and those farther away receive lower
weight. LOWESS fits allow for the selection of appropriate parametric models that can
reproduce the form of the fits, aiding mechanistic interpretation of bi-variate patterns.
Bandwidths of 0.5 were used to generate LOWESS fits for nitrate-runoff and EC-runoff
scatterplots (Figure 3a and 4a). This bandwidth was chosen based on plotting three
bandwidths (0.25, 0.50, and 0.75) followed by visual inspection of the LOWESS fit for each
bandwidth. A bandwidth of 0.5 adequately represented the non-linearity of the solute-runoff
patterns without over-smoothing of the data or distortion of the trend (Cleveland, 1979).
LOWESS procedures were implemented in MATLAB (The MathWorks, Inc., Natick, MA).
A hyperbolic equation was used to fit nitrate-runoff and EC-runoff relationships
(Equation 2). This equation was selected based on examination of the shape of the LOWESS
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fits (Figure 3a and 4a), which were log-sigmoidal as opposed to log-linear, indicating the
appropriateness of a hyperbolic function rather than a power function in fitting both nitraterunoff and EC-runoff relationships (Godsey et al., 2009). In addition, the flexibility of a
hyperbolic equation in fitting bi-variate relationships affords the ability to examine intra- and
inter-watershed variation in generated parameters such as slope, baseflow mode (i.e., low
runoff), and stormflow mode (i.e., high runoff).
(2)
In equation 2, CS (CS-EC) = stormflow nitrate or EC mode (µM or µS cm-1), δ (δEC) =
baseflow nitrate or EC mode (CB or CB-EC; µM or µS cm-1) minus CS (CS-EC),

(

EC)

=

hyperbolic fitting parameter, and Q is watershed runoff (mm hr-1). Equation parameters were
derived using non-linear least squares fitting procedures implemented in MATLAB’s Curve
Fitting Toolbox.
Non-linear least squares fits and 95% confidence intervals (CI) were computed for the
three hyperbolic parameters, δ (δEC), CS (CS-EC), and

(

EC)

(Tables 4 and 5). The F-statistic

was used to test the validity of using the hyperbolic equation (Johnson et al., 1969). To
accomplish this, the equation was made linear by taking 1/1 + Q as the independent
variable, and nitrate concentration or EC value as the dependent variable. The slopes of the
relationships are equal to δ (δEC), and significant slope effects were defined as δ (δ EC) > or <
0 at the p < 0.05 level of significance (Tables 4 and 5).
Nitrate-EC plots were examined to identify potential seasonal shifts in baseflow and
stormflow nitrate modes, which if present could invalidate using fixed CB and CS values
derived using hyperbolic nitrate-runoff relationships alone (Figures 3b – 3d and 4b – 4d).
For each watershed, hyperbolic equation-derived baseflow and stormflow EC modes (i.e.,
13

CB-EC and CS-EC) and their lower and upper 95% CI values were used to calculate nitrate
VWM concentrations and MADs for nitrate samples that had EC values contained within the
respective bounds (i.e., lower and upper 95% CI values) (Table 6). These nitrate VWMs
were used to validate the hyperbolic baseflow and stormflow nitrate values (i.e., CB and CS),
and the MADs, in combination with qualitative assessment of nitrate-EC mixing behavior,
were used to evaluate potential seasonal variability in baseflow and stormflow nitrate modes.
The use of MADs instead of standard deviations of nitrate concentrations contained within
the upper and lower 95% CI bounds reduces the potential bias of assuming normality of the
baseflow (i.e., samples contained within the lower and upper C B-EC 95% CI) and stormflow
(i.e., samples contained within the C S-EC lower and upper 95% CI) nitrate concentration
distribution (Dennis and Hirsch, 1993).
A two end-member mixing model was used to estimate lowland stream nitrate
concentrations.
(3)
(4)
In equations 3 and 4, CS = stormflow nitrate mode (µM), CU = upland stormflow nitrate
mode (µM), CL = lowland stormflow nitrate mode (µM), PU = proportion of water export
from the upland (from 0 - 1), and PL = proportion of water export from the lowland (from 0 1).

Results
Ammonium, nitrate, and DON VWM concentrations (µM) ranged from 0.6 to 4.1,
67.9 to 407.0, and 19.2 to 127.5, respectively (Table 3). Rattlesnake Creek had the lowest
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VWM concentrations for all dissolved species except nitrate, which was only slightly lower
in Mission Creek. Franklin Creek had the highest VWM concentrations. Nitrate was the
predominant form of dissolved nitrogen in the streams, comprising 73.8 ± 7.3% (± 1 SD) of
total dissolved nitrogen (TDN) concentrations. DON was second highest, comprising 24.9 ±
6.5%. Ammonium was a minor fraction, comprising 1.3 ± 0.9%. Rain VWM concentrations
of ammonium, nitrate, and DON were 4.1 µM, 6.4 µM, and 8.1 µM, respectively (Table 3).
Based on MADs, nitrate was the most temporally variable dissolved nitrogen species,
DON was the second most variable, and ammonium was the least variable (Table 3). Ratios
of nitrate MAD to DON MAD ranged from about 1.2 to about 3.5. The two urban
watersheds, Mission and Arroyo Burro, had the lowest nitrate MAD:DON MAD ratios of 1.2
and 1.8, respectively, while the agricultural and undeveloped watersheds had the highest
nitrate MAD:DON MAD ratios (mean of 3.3 ± 0.2). This pattern can be seen in the
LOWESS plot (Figure 3a), with nitrate concentrations for the two urban watersheds having
lower variance over the runoff range than the agricultural and undeveloped watersheds.
LOWESS fits and hyperbolic equation slopes (δ) indicated that nitrate- runoff
relationships for five of the six watersheds were hyperbolic (Figure 3a; Table 4). The three
agricultural watersheds—Franklin, Bell Canyon, and Carpinteria—had significant dilution (δ
> 0). The undeveloped watershed, Rattlesnake, and one of the two urban watersheds, Arroyo
Burro, had significant enrichment (δ < 0). The other urban watershed, Mission, was invariant
(δ = 0). Arroyo Burro watershed had a lower p-value than four of the watersheds (Table 4),
with a nitrate-runoff pattern more similar to Mission watershed’s invariance rather than
enrichment. In contrast to nitrate-runoff relationships, which had all three C-Q types
(dilution, enrichment, and invariance), EC-runoff relationships for all six watersheds had
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only dilution (δEC > 0) and were highly significant (Table 5). The CS-EC values are a
minimum of 16.8 to a maximum of 38.7 times higher than the precipitation EC VWM value
of 15.7 µS cm-1 (MAD of 13.6 µS cm-1), as the CS-EC values represent a mixture of water
sources during rainstorms.
Nitrate VWMs calculated using CB-EC 95% CI bounds (i.e., baseflow) and CS-EC 95%
CI bounds (i.e., stormflow) showed close agreement with the hyperbolic nitrate-runoff CB
and CS parameters (Table 6). The baseflow nitrate VWMs had a higher mean % difference
relative to CB values (13.5%) than the stormflow nitrate VWMs relative to CS values
(35.2%), reflecting mainly the large % differences for Rattlesnake Creek. Most of the
baseflow nitrate VWMs are lower than the CB values, which is a function of the hyperbolic
equation identifying CB values at runoff = 0, whereas the nitrate VWMs are calculated for a
range of EC values that occur at lowest runoff.
Nitrate-EC plots had strong linear relationships for Franklin and Bell Canyon creeks
(Figure 5a and 5b), and strong seasonal linear relationships for Rattlesnake Creek (Figure
6a). Therefore, in addition to stormflow CS (Table 4) and stormflow nitrate VWMs (Table
6), an additional estimate of the stormflow nitrate mode can be calculated using the linear
relationships (Figures 5a, 5b, and 6a). Nitrate-EC plots for Mission, Arroyo Burro, and
Carpinteria creeks did not have clear linear relationships, but did have seasonal effects
evident in the triangular shape of the data points, indicating a third nitrate mode in the
beginning storms of the season, shown as the dark blue (i.e., “Fall”) points on the nitrate-EC
plots (Figures 6b, 7a, and 7b). Overall, nitrate-EC plots for all watersheds had patterns
consistent with their nitrate-runoff relationships; dilution in agricultural watersheds (although
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a relatively less clear pattern for Carpinteria, discussed further below), invariance in urban
watersheds, and enrichment in an undeveloped watershed (Figure 8).

Discussion
Nitrate-runoff relationships were consistent within land use types; dilution in
agricultural watersheds, enrichment in an undeveloped watershed, and invariance in urban
watersheds. The consistency of these nitrate-runoff relationships within land use types
implicates nitrogen inputs related to land use as a primary driver of these patterns. The
percentage ratios of the standard deviation of C S to CB parameters and stormflow nitrate
VWMs to baseflow nitrate VWMs are ~12%. The percentage ratio of the standard deviations
of CS-EC to CB-EC values are ~21%. These observed 4.8 to 8.8 fold reductions in variability,
which are similar for both nitrate and EC, in spite of different land uses, implies different
nitrate sources to streams during baseflow (i.e., low runoff), but similar nitrate sources during
stormflow (i.e., high runoff). Further, unlike humid temperate regions with small differences
between baseflow and stormflow EC values (Laudon and Slaymaker, 1997; Matsubayashi et
al., 1993; McDonnell et al., 1991), these coastal California watersheds have
baseflow/stormflow EC differences of a minimum of 599 µS cm-1 to a maximum of 2005 µS
cm-1, and all EC-runoff relationships demonstrate significant dilution during stormflow
(Table 5). The strength of these hyperbolic EC-runoff relationships implies bimodal EC
behavior, allowing us to examine nitrate-EC plots to identify probable land use and
biogeochemical mechanisms underlying seasonal shifts in nitrate modes during periods of
high runoff (i.e., stormflow). The following discussion addresses two fundamental questions
that arise from the observed nitrate-runoff patterns with land use: how is the variability of
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stormflow nitrate modes reduced during high runoff despite divergent land uses, and how
does seasonality (i.e., pronounced dry/wet dynamics characteristic of a Mediterranean
climate) potentially alter nitrate-runoff patterns and stormflow nitrate modes?

Baseflow nitrate variability
Baseflow nitrate concentrations (i.e., CB) in the three agricultural watersheds were
roughly 5 to 20 times greater than the two urban watersheds, and 67 to 241 times greater than
the undeveloped watershed (conservative estimate using CB lower 95% CI values for
agricultural watersheds and CB upper 95% CI values for urban and undeveloped watersheds).
The elevation of agricultural CB values relative to urban and undeveloped watersheds
indicates nitrogen fertilizers as the likely source of elevated baseflow nitrate concentrations
in agricultural streams. Nitrate is a common groundwater pollutant in agricultural regions,
largely resulting from application of nitrogen fertilizer (Almasri and Kaluarachchi, 2004;
Nolan et al., 1997; Spalding and Exner, 1993). A proportion of these fertilizers either
leaches through soils into groundwater (Di and Cameron, 2002), the primary source of
stream water during baseflow periods, or is directly discharged to streams through storm
and/or tile drains. Estimates of mean nitrogen fertilizer application rates for agricultural land
use in the eastern portion of our study region, which encompasses Franklin and Carpinteria
watersheds, are 2,200 kg N km-2 year-1 for young (<4 years old) avocado orchards, 5,100 kg
N km-2 year-1 for mature (>8 years old) avocado orchards, 36,400 kg N km-2 year-1 for
greenhouses, and 39,000 kg N km-2 year-1 for nurseries (Robinson et al., 2005). These
fertilizer application rates are a minimum of 5 to a maximum of 574 times higher than
estimates of other nitrogen inputs to watersheds, such as wet deposition (68 kg N km-2 year-
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), dry deposition and plant foliar leaching (430 kg N km-2 year-1) (Schlesinger et al., 1982),

and nitrogen fixation by Ceanothus communities (110 kg N km-2 year-1) (Kummerow et al.,
1978), which are abundant members of plant communities in the upper watersheds.
In the undeveloped watershed, Rattlesnake, baseflow nitrate concentrations are the
lowest of all watersheds (Table 4). There are two non-mutually exclusive explanations for
these low nitrate values, the importance of each depending on the hydrologic pathways that
feed streams during baseflow periods. The first explanation is that nitrogen removal
mechanisms (e.g., denitrification, plant and microbial uptake) reduce soil water and
groundwater nitrate concentrations before percolation into the stream. The stormflow nitrate
modes for Rattlesnake Creek (112.5 and 49.6 µM) are a significant enrichment relative to the
precipitation nitrate VWM of 6.4 µM and the baseflow nitrate mode of 0.2 µM, indicating
nitrate removal along the soil/groundwater flowpaths to the stream. The second potential
explanation for the low baseflow nitrate concentration in Rattlesnake watershed is that there
are hydrologic pathways that bypass nitrate-enrichment in the soil. The Santa Ynez
Mountains are composed of highly fractured arkosic sandstones and shales, with bedding
planes that are nearly vertical due to intense faulting and folding (Rademacher et al., 2003).
These bedding planes act as groundwater conduits within the mountains, directing
groundwater flow vertically and laterally. If recharge to these bedrock aquifers mainly
bypasses upper organic soil layers, then we might expect nitrate concentrations of bedrock
groundwater to be similar to precipitation nitrate values in the absence of appreciable
microbial transformation, uptake, and/or organic matter mineralization within the aquifer.
For our 2002-2008 study period, the nitrate VWM concentration of precipitation for 75
recorded storms was 6.4 µM, with a MAD of 8.7 µM. This value lies within Rattlesnake
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watershed’s CB upper 95% CI value of 6.7 µM, suggesting that if a hydrologic connection
exists between bedrock groundwater and the stream, then stream water nitrate during
baseflow periods may be sourced from bedrock groundwater inputs that have bypassed
nitrate-enrichment in organic soil layers.
The CB values for the two urban watersheds are intermediate between the agricultural
and undeveloped values. It is difficult to estimate nitrate sources in these watersheds because
urban land use is characterized by a diversity of activities and landscape properties that
mobilize multiple nitrate sources (Spalding and Exner, 1993; Wakida and Lerner, 2005). Dry
weather flows that entrain atmospherically-deposited nitrogen compounds from impervious
surfaces (Driscoll et al., 2003; Jaworski et al., 1997), leaking sewage infrastructure (Caraco
and Cole, 1999; Silva et al., 2002) , and lawn and golf course fertilizers (Shuman, 2001;
Wong et al., 1998) likely all contribute to elevated nitrate concentrations in streams during
baseflow periods. Storm drains are thought to discharge human waste to our urban
watershed streams based on elevated fecal indicator bacteria and human-specific Bacteroides
marker counts, implicating leaky sanitary sewer lines (Sercu et al., 2008).

Reduction in inter-watershed stormflow nitrate variability
The reduced variability of stormflow nitrate and EC modes relative to baseflow
nitrate and EC modes implies a common nitrate and water delivery mechanism for all
watersheds despite their differing land uses, muting the high inter-watershed nitrate
variability evident during baseflow (Tables 4 and 5). Hydrological studies have identified
the spatial variation in runoff-generating regions of our watersheds under varying land use
scenarios. Beighley et al. (2008) examined storm runoff responses of a Santa Barbara
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watershed (Atascadero, urban classification under our scheme) over historical and projected
ranges of land use conditions (1929, 1998, 2050) for a 14-year precipitation record (October
1, 1988 through September 30, 2002). They examined these storm runoff responses at three
different scales: whole watershed, lowland regions (low elevation coastal plain), and upland
regions (steep, mountainous headwaters). For the 1929 conditions, with relatively low urban
land use (5% versus 39% and 50% for 1998 and 2050 conditions, respectively), 78% of mean
annual watershed storm runoff originated from the uplands region, dropping to 51% under
2050 conditions. They concluded that the majority of runoff originating from the uplands is
a product of 1) the orographic enhancement of precipitation along the Santa Ynez Mountains
and 2) the geomorphology of the uplands region of Santa Barbara watersheds, characterized
by steep slopes, thin soils, and rock outcroppings, which promotes saturated overland excess
flow and shallow soil interflow that rapidly delivers water from hillslopes to upland streams
(Latron et al., 2009).

Upland, undeveloped watershed nitrate-runoff dynamics
Rattlesnake Creek is an upland watershed (Figure 1). Unlike the other watersheds,
Rattlesnake’s nitrate-runoff behavior shows an enrichment (Table 4). Examination of the
nitrate-EC plot for Rattlesnake Creek reveals two linear relationships, with nitrate-EC pairs
along the upper regression line occurring earlier in the wet season than the pairs along the
lower regression line, which occur later (Figure 6a). The slopes of the two regression lines
are not significantly different from one another, but their intercepts are significantly different
with the difference equal to 62.8 µM. This difference is likely the result of nitrate flushing,
whereby soil nitrate that has accumulated in upper soil layers during the dry season is flushed
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during the first storms as water enters the previously dry, organic-rich soil horizons (Meixner
and Fenn, 2004; Sobota et al., 2009). A possible source of this nitrate is nitrogen-containing
osmolyte compounds that soil microbial communities synthesize during the dry season to
prevent desiccation (Fierer and Schimel, 2002; Miller et al., 2005). Upon rewetting, the
microbial cells release the compounds to the infiltrating soil water to maintain osmotic
potential, as the hypertonicity of their cellular fluids would otherwise cause rapid water
influx and cell bursting. Once released to the soil water, these substrates are available for
mineralization and nitrification, increasing the nitrate concentration of soil water which is
transported to the stream. Additionally, the wetting of the upper soil layers could mobilize
non-microbial nitrogenous soil organic matter, making it increasingly accessible to microbial
mineralization and nitrification and transport to the stream (Bernal et al., 2005; Butturini and
Sabater, 2002).
The distinct linear nitrate-EC relationships observed for Rattlesnake Creek suggests
that the timing and magnitude of precipitation events interacts with the mountainous
geomorphology of the upland watersheds to control the hydrologic connectivity and soil
microbial activity, which in turn regulates earlier versus later wet season nitrate flushing.
Therefore, defining only one stormflow nitrate mode (85.2 µM using hyperbolic nitraterunoff equation and 92.5 µM using the lower and upper CS-EC 95% CI bounds) appears to be
a simplification of upland watershed nitrate-runoff behavior. Instead, two nitrate modes can
be estimated using the two linear equations derived for the Rattlesnake nitrate-EC
relationship and the stormflow C S-EC value (264.5 µS cm-1) (Table 6), yielding 112.5 µM for
the non-supply limited (i.e., higher intercept) regression line and 49.6 µM for the supplylimited (i.e., lower intercept) regression line (Figure 6a). The supply-limited regression line
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occurs later in the wet season, when the more labile and/or abundant soil nitrogen pool that
supported enhanced nitrate delivery to the stream is likely exhausted.

Lowland, urban watershed nitrate-runoff dynamics
For the urban watersheds, Mission and Arroyo Burro, it appears that the nitrate-EC
plots show early wet season nitrate flushing, with progressive decreases (for a given EC
value) of nitrate concentrations with later season storms. Urban watersheds are characterized
by a diversity of activities and landscape properties that mobilize multiple temporallyvariable nitrate sources over the course of storm events. The source of the early season
nitrate flushing could be atmospherically-deposited nitrogen compounds from impervious
surfaces that accumulated during the dry season (Driscoll et al., 2003; Jaworski et al., 1997),
nitrate from leaking sewage pipes and septic tanks (Caraco and Cole, 1999; Silva et al.,
2002), or upland nitrate. The seasonal flushing evident in the urban watersheds appears to be
well approximated by using the nitrate VWM ± MAD limits as stormflow nitrate modes,
which correspond to 107.8 and 154.1 µM in Mission and Arroyo Burro watersheds,
respectively, for earlier wet season storms, and 29.6 and 70.7 µM for later wet season storms.
Mission watershed has higher impervious surface coverage than Arroyo Burro watershed,
12.7% versus 8.6% (Peters et al., 2005), which increases the contribution of surface runoff
from the urban lowland region to the stream (Beighley et al., 2008; Beighley et al., 2003).
Arroyo Burro watershed has a higher percentage of agricultural land use than Mission
watershed, introducing a potential nitrogen fertilizer source (Table 6), although this
agricultural area is located to the north (upstream) of urban land use (Figure 1), and is likely
diluted by impervious surface runoff before discharge to the ocean. Roughly 7 and 2 percent
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of Mission and Arroyo Burro watersheds, respectively, have septic systems instead of sewage
connections (Hantszche et al., 2003). While roughly a third the size in area, the density of
septic systems in Arroyo Burro are twice that of Mission, and are situated closer to the
watershed outlet to the ocean (i.e., on the coastal plain versus the foothills lowland-upland
transition). The lower impervious surface area, higher percentage of agricultural land use,
higher density of septic systems, and closer proximity of the septic region to the watershed
outlet is the likely cause of a stormflow nitrate mode that is higher by 46.3 µM (154.1 –
107.8 µM) for earlier wet season storms, and 41.1 µM (70.7 – 29.6 µM) for later wet season
storms for Arroyo Burro watershed relative to Mission watershed. For both watersheds, the
lowest EC values converge toward a nitrate mode of ~25 µM, likely indicating an impervious
surface contribution after the initial nitrate flushing, where nitrate and other solute sources
are exhausted and stream nitrate and EC are influenced by mixing with a dilute water source
(e.g., precipitation from impervious surfaces).

Lowland, agricultural watershed nitrate-runoff dynamics
In the agricultural watersheds, Franklin, Bell Canyon, and Carpinteria, linear nitrateEC relationships are evident for Franklin and Bell Canyon watersheds (Figures 5a and 5b),
but not for Carpinteria watershed (Figure 6b). This difference is likely a result of lower
agricultural land use in Carpinteria (9%) versus Franklin (21%) and Bell Canyon (19%)
watersheds. In the nitrate-EC plot for Carpinteria watershed, early season flushing is
apparent with nitrate concentrations in the 750 - 1,500 µM range, which is approximately
1.5- to 3.5-times above the CB value (489.2 µM) and baseflow nitrate VWM (410.5 µM).
This early season flushing is similar to that in urban watersheds, although the nitrate
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concentrations are higher. The seasonal difference may be the result of riparian and/or
hyporheic denitrification removing groundwater nitrate before it enters the stream during low
runoff (Ostrom et al., 2002; Seitzinger et al., 2006). During the initial storms of the wet
season, hydraulic gradients between the lowland groundwater and stream steepen, as
groundwater mixes with oxygenated infiltrating soil water and residence times in the riparian
and hyporheic zones decrease, causing reduced denitrification capacity and thus high nitrate
concentrations in the streams. The flushing of high nitrate groundwater represents a shift
from a high EC-high nitrate mode (~1,500 µS cm-1, 400 µM) in the beginning of the wet
season to a low EC-low nitrate mode (~700 µS cm-1, 40 µM) as the wet season progresses.
The seasonal behavior of the stormflow nitrate mode appears to be well approximated by
using the nitrate VWM ± MAD limits, which correspond to 236.1 µM for earlier wet season
storms, and 34.4 µM for later wet season storms. The later wet season nitrate mode is the
minimum of nitrate concentrations within the CS-EC 95% CI bounds, as the nitrate VWM
minus the MAD would equal a negative value.
The linear nitrate-EC relationships for Franklin and Bell Canyon watersheds indicate
little influence of seasonal drying/wetting dynamics on stream nitrate concentrations (Figures
5a and 5b). This is characteristic of intensively managed agricultural watersheds, whereby
accumulated stores of nitrogen due to fertilizer use creates 1) transport- versus supplylimitation of nitrate delivery to streams and 2) delivery of water with relatively high and
temporally similar nitrate concentrations that damps smaller magnitude nitrate variations due
to other processes (Basu et al., 2010; Kemp and Dodds, 2002). In contrast to the early wet
season flushing observed in Carpinteria watershed, which elevates nitrate concentrations well
above the baseflow nitrate mode, Franklin and Bell Canyon watersheds do not show this
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behavior, indicating the limited extent of nitrate removal pathways (e.g., denitrification) due
to nitrate saturation in the lowland riparian and hyporheic zones during low runoff periods
(Bernot and Dodds, 2005; Mulholland et al., 2008). Franklin watershed, which has 20%
urban land use, has earlier wet season flushing of impervious surfaces, which is the reason
that the EC-runoff relationship is not as strong as in Bell Canyon (Table 5). Using the
nitrate-EC linear equations and CS-EC values for each watershed to determine their stormflow
nitrate modes produces values of 265.7 and 240.9 µM for Franklin and Bell Canyon
watersheds, respectively. These values agree well with CS values of 289.8 and 245.8 µM
(Table 6).
Overall, our examination of nitrate-EC plots for all watersheds indicates caution in
using a single nitrate concentration (i.e., CS) to characterize stormflow nitrate modes, as high
intra-annual variation in precipitation can seasonally alter these nitrate modes for
undeveloped (Rattlesnake Creek), urban (Mission Creek and Arroyo Burro Creek), and lower
intensity agricultural (Carpinteria Creek) watersheds. The hyperbolic nitrate (i.e., C S) and
nitrate VWMs (Table 6) can be considered mean wet season nitrate modes, which in the case
of Franklin and Bell Canyon, appear to sufficiently capture the dominant stormflow nitrate
concentrations. For the other watersheds, accounting for seasonal nitrate flushing provides a
more accurate depiction of dominant nitrate concentrations. Electrical conductance, despite
potentially reflecting a variety of differing solute sources under varying land use,
demonstrates significant dilution behavior in all watersheds (Figure 4; Table 5) and a pattern
of reduced variability in stormflow values versus baseflow values similar to nitrate-runoff
relationships (Tables 4 and 5). The 22% to 28% reduction in stormflow relative to baseflow
EC modes for the five lowland watersheds indicates that during storms, the predominant
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water and nitrate source to lowland streams is not lowland baseflow. If baseflow water
sources were dominant, then dilution in all watersheds under variable land uses would not be
evident (Figure 4; Table 5), consistent with studies conducted in many humid temperate
watersheds that show little variation between stormflow and baseflow EC values (Laudon
and Slaymaker, 1997; Matsubayashi et al., 1993; McDonnell et al., 1991). Further, we
would expect comparable variability in both stormflow and baseflow EC modes between
watersheds characterized by different land use mixtures, as baseflow water sources often
comprise a large proportion of storm runoff volume (Buttle, 1994; Kirchner, 2003). In these
coastal California watersheds, the magnitude of reduction in inter-watershed variability
during storms is similar for both EC (SD-CS-EC: SD-CB-EC, 20.6%), a relatively conservative
water source tracer, and nitrate (SDStormflow nitrate VWM: SDBaseflow nitrate VWM,11.3% and SD-CS:
SD-CB, 12.0%), a biologically-reactive ion.

Upland-lowland watershed connectivity
In light of the above considerations, and hydrological modeling results of Beighley et
al. (2008), we hypothesize that the upland, undeveloped watershed is important in regulating
whole watershed (i.e., combined upland and lowland) stream nitrate dynamics (Figure 1).
Using seasonally-refined stormflow modes, in concert with the hydrological modeling of
Beighley et al. (2008), the potential role of the upland, undeveloped watershed regions in
modifying stream nitrate concentrations during high runoff periods can be examined. We
assume that the two stormflow nitrate modes for Rattlesnake Creek are representative of the
undeveloped, upland watershed regions in the other five study watersheds during the earlier
and later wet season (i.e., 112.5 and 49.6 µM). The stormflow nitrate modes for these five
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watersheds represent a mixture of both upland and lowland watershed nitrate sources,
allowing identification of the lowland nitrate modes. We can examine the seasonal
variability in these estimates for Mission, Arroyo Burro, and Carpinteria watersheds using
the identified range in nitrate VWMs for the urban watersheds and the lower intensity
agricultural watershed, where the high concentration (nitrate VWM + nitrate MAD) equals
the earlier wet season nitrate mode and the low concentration (nitrate VWM – nitrate MAD)
equals the later wet season nitrate mode.
The results of the hydrologic modeling by Beighley et al. (2008) indicates that a
minimum of 51% to a maximum of 78% of mean annual watershed runoff (i.e., over a 14year period) is derived from the upland watershed regions for a range of historic,
contemporary, and projected land use conditions in this coastal mountainous California
region. The variance in mean annual upland water estimates is a function of urban land use,
as increases in impervious surface cover in the lowland watershed regions progressively
decreases the mean annual percentage contribution of the upland regions to whole watershed
runoff. Using Beighley et al.’s 1929 and 2050 estimates of land use and mean annual upland
runoff contributions, and assuming a linear relationship between urban land use percentage
and mean annual upland contribution, we calculate mean annual upland contributions of 67%
and 69% for Mission and Arroyo Burro watersheds, respectively, using AVIRIS-derived
urban land use values (Table 1). For Mission watershed, the equation-derived value of 67%
is similar to an empirical mean value of 62% for water years 2003, 2004, and 2005, during
which annual precipitation was 83%, 15%, and 96%, respectively, of the long-term (18682008) annual maximum precipitation value in Santa Barbara. For agricultural watersheds,
Franklin, Bell Canyon, and Carpinteria, we calculated upland contributions of 69% for

28

Franklin (20% urban land use, 21% agricultural land use) and 78% for Bell Canyon and
Carpinteria (both 1% urban land use, which is below Beighley et al.’s 5% 1929 urban land
use, and therefore likely a slightly lower estimate of upland contribution).
On an intra-annual timescale, per-storm upland water contributions are a function of
the timing and amounts of antecedent precipitation, which in turn regulates watershed soil
saturation and runoff-generation. This is demonstrated by increasing and plateauing upland
water contributions for storm sequences in “wet” years 2003 and 2005, when annual
precipitation was 83% and 96% of the long-term (1868-2008) annual maximum precipitation
value in Santa Barbara (Figure 9a). However, during “dry” years such as 2004, where annual
precipitation was 15% of the long-term annual precipitation maximum, upland water
contributions remain low (Figure 9a). Using the range in upland water contributions for our
three-year storm runoff series in Mission watershed, in concert with our seasonal stormflow
nitrate modes (i.e., earlier and later wet season), we can identify the variation in lowland
stormflow nitrate modes over the range in upland water contribution for our five developed
watersheds. We represent these lowland nitrate modes as percentage changes relative to the
whole watershed nitrate mode for each watershed (i.e., whole watershed nitrate modes which
include the upland water and nitrate contribution) (Figure 9b). Doing so removes the upland
water and nitrate contribution, revealing that lowland stream nitrate modes would be 3%
lower to 6% higher for Mission, 2 to 219% higher for Arroyo Burro, 3% lower to 75% higher
for Carpinteria, 5 to 582% higher for Bell Canyon, and 5 to 596% higher for Franklin than
whole watershed nitrate modes. Using mean annual upland contributions from Beighley et
al.’s model, calculated as a function of lowland urban land use, longer-term mean annual
nitrate modes would be 3% lower for Mission, 64% higher for Arroyo Burro, 74% higher for
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Carpinteria, 270% higher for Bell Canyon, and 278% higher for Franklin. Mean annual
lowland stormflow nitrate modes would also be 470% more variable (SD Lowland nitrate
modes:SDWhole watershed nitrate modes)

with the removal of the upland contribution. The later wet

season nitrate mode estimates for Mission and Carpinteria watersheds resulted in negative
values for mean annual lowland nitrate mode calculations and much of the range in upland
water contribution for intra-annual lowland nitrate mode calculations. Examination of nitrate
results for Mission and Carpinteria watersheds revealed that later wet season nitrate VWM
concentrations were on average 50 µM and 49.4 µM, respectively, which we chose to use as
the later wet season nitrate modes instead of the nitrate VWM – MAD estimates.
As the percentage water contribution from the upland regions increases during the
wet season, the lowland nitrate modes for all watersheds except Mission increase, off-setting
the progressive decline in nitrate concentration of upland water during stormflow. However,
the lowland nitrate mode for Carpinteria plateaus around 75% upland water contribution,
sharply declining thereafter, indicating supply-limitation of nitrate to the lowland stream
when the watershed is most saturated. Arroyo Burro and Carpinteria have roughly the same
percentage of agricultural land use, and Arroyo Burro does not show a supply-limitation of
nitrate, but rather an enhancement of lowland nitrate at the highest upland contribution
levels. This difference may be due to enhanced nitrate input from leaking septic tanks, which
are located near the watershed outlet to the ocean in Arroyo Burro (Hantszche et al., 2003),
and thus would be relatively un-diluted by impervious runoff or upland water during storms.
Regardless of this difference in lowland nitrate behavior at highest upland water
contributions, all watersheds except Mission have appreciable lowland nitrate enhancement
as the watersheds become progressively saturated with successive storms through the wet
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season. We attribute this effect to enhanced soil saturation and rising shallow water tables in
the lowland watersheds, which would enhance mineralization and nitrification of previously
dry soil organic matter, and enhance transport of nitrate originating from fertilizers and
leaking sanitary infrastructure. The minimal lowland nitrate enhancement in Mission
watershed may be a function of high impervious surface cover and stream channelization in
the lowland region, which reduces soil and groundwater nitrate inputs by restricting soil
infiltration, lowering water tables, physically blocking soil and groundwater stream input,
and delivering a higher fraction of dilute water from impervious runoff.
Our examination of nitrate-runoff relationships in six mountainous coastal California
watersheds has revealed the following:
1. The stream nitrate-runoff relationships for six mountainous coastal California
watersheds of varying land use were consistent within predominant land use class:
enrichment in an undeveloped watershed (Rattlesnake), invariance in urban watersheds
(Mission and Arroyo Burro), and dilution in agricultural watersheds (Bell Canyon and
Franklin).
2. Nitrate-EC plots revealed seasonality in nitrate modes for the undeveloped
(Rattlesnake), two urban (Mission and Arroyo Burro), and lower intensity agricultural
watershed (Carpinteria), showing decreases in nitrate modes with the progression from the
earlier to later wet season.
3. The variability of stormflow nitrate and electrical conductance (EC) modal
concentrations and values, identified using a hyperbolic model, for these six watersheds were
~12% and ~21%, respectively, of baseflow nitrate and EC modes, implying a common water
and nitrate source during storms, which previous hydrological modeling studies and a three-
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year empirical runoff series for one of the watersheds (Mission) indicated was the
undeveloped, upland watershed regions.
4. Removal of the water and nitrate contribution from the upland watershed regions
using a two end-member mixing model revealed the lowlands stream nitrate modes for five
developed watersheds on both multi-annual (i.e., 14-year mean annual upland water
contribution) and intra-annual (i.e., empirical range in upland water contributions from threeyear runoff series) timescales. In the absence of the moderating influence of the upland
water and nitrate contribution, lowland mean annual nitrate modes would be 470% more
variable than the whole watershed nitrate modes (i.e., combined lowland and upland), and
would be 3% lower for Mission, 64% higher for Arroyo Burro, 74% higher for Carpinteria,
270% higher for Bell Canyon, and 278% higher for Franklin for the whole watershed nitrate
modes. Lowland intra-annual nitrate modes, relative to the whole watershed nitrate modes,
would be 3% lower to 6% higher for Mission, 2 to 219% higher for Arroyo Burro, 3% lower
to 75% higher for Carpinteria, 5 to 582% higher for Bell Canyon, and 5 to 596% higher for
Franklin. The lowest percentage changes correspond to the earlier wet season when the
upland does not contribute much to the whole watershed runoff, and the highest percentage
changes correspond to the later wet season, except in dry years, when the upland becomes a
dominant contributor to whole watershed runoff and the lowland nitrate sources become
increasingly activated and mobilized.
The upland regions of the watersheds thus appear to play an important role in
regulating stream nitrate concentrations by reducing inter-watershed variability in nitrate
concentrations during storms, thereby making whole watershed nitrate concentration an
integrated product of upland watershed hydrology and nitrogen cycling and lowland
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watershed nitrogen land use subsidies. This linkage may mitigate ecological and water
quality impairments to downstream aquatic and marine ecosystems due to excessive lowland
agricultural and urban nitrogen inputs during periods of highest water export (i.e., storms).
The strength of this upland-lowland linkage is sensitive to climate in our semi-arid
Mediterranean climate, weakening in drier years and strengthening in wetter years, regulating
the relative importance of lowland land use versus upland nitrogen cycling on intra-annual
timescales. In other mountainous watersheds, the controls on watershed stream nitrate
concentrations may similarly shift from downstream human land use during dry periods to
the undeveloped, upland headwaters during storms.
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Tables and Figures

Table 1. Watershed topography and land use
Rattlesnake

Mission

Arroyo Burro

Carpinteria

Bell Canyon

Franklin

Undeveloped

Urban

Urban

Agricultural

Agricultural

Agricultural

Area (km )

2

8.29

30.04

25.44

39.21

15.82

11.62

Relief (m)

933

1201

1188

1405

928

504

Mean slope (degrees)

21

14

15

21

17

9

% Urban

0

23

20

1

1

20

% Agriculture

0

3

8

9

19

21

% Undeveloped

100

74

72

90

80

58

Land use class
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Table 2. 2002 - 2008 total annual precipitation
for the City of Santa Barbara (elevation: 30 m asl)
Water year

a

Annual total (cm)

Percentilea

2002

22.9

8.8

2003

63.4

82.5

2004

27.2

14.6

2005

93.8

96.4

2006

57.0

74.5

2007

16.3

2.2

2008

44.8

59.1

Percentile is calculated for water years 1868 through 2008
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Table 3. Watershed and precipitation volume-weighted means (VWM) and median absolute deviations (MAD)
Rattlesnake
(2002-2008)
VWM
n
Ammonium (µM)

0.6

Ammonium MAD

0.5

Nitrate (µM)

68.2

Nitrate MAD

31.8

DON (µM)

19.2

DON MAD

10.0

TDN (µM)

88.1

TDN MAD

35.6

986

Mission
(2002-2008)
VWM
n
2.9

1130

7.3
987

67.9
34.8

1131

105.6
51.7

848

92.0

1117

40.2

852

134.7
47.2

1.9

815

110.6

842

40.4

815

153.0
255.9

1.0

356

228.6

812

38.9

356

268.6
566.2

4.1

788

407.0

355

127.5

788

538.6
613.7

4.1

75

6.4

75

8.7
783

177.0
355

Precipitation
(2002-2008)
VWM
n
7.1

584.8

159.9
812

Franklin
(2002-2005)
VWM
n
5.8

507.7

61.6
842

Bell Canyon
(2005-2008)
VWM
n
0.7

215.3

20.8
1117

Carpinteria
(2002-2005)
VWM
n
8.8

37.5

25.9
978

2.6
4.6

32.2
978

Arroyo Burro
(2002-2006; 2008)
VWM
n

8.1

75

24.0
783

18.6
33.8

75

36

Table 4. Hyperbolic model fits for nitrate-runoff relationships
Rattlesnake

Mission

Arroyo Burro

Carpinteria

Bell Canyon

Franklin

CS

85.2

65.4

90.2

93.1

245.8

289.8

CS 95% CI lower

78.4

60.3

83.8

59.7

175.7

182.3

CS 95% CI upper

92.0

70.5

96.7

126.4

316.0

397.2

8.4

72.0

100.7

69.8

140.4

36.9

95% CI lower

5.9

-961.2

-201.8

36.7

83.0

22.7

95% CI upper

10.9

1105.0

403.3

103.0

197.7

51.1
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δ

-85.0

2.4

-18.9

396.1

1374.0

1454.0

δ 95% CI lower

-91.4

-5.1

-35.7

352.1

1240.0

1322.0

δ 95% CI upper

-78.5

9.9

-2.1

440.1

1509.0

1586.0

R2

0.48

3.7E-04

0.01

0.28

0.60

0.39

F-statistic

925.1

0.4

8.9

313.4

520.0

497.7

p-value

<0.0001

0.52

<0.01

<0.0001

<0.0001

<0.0001

n

987

1131

852

815

356

788

Table 5. Hyperbolic model fits for electrical conductance-runoff relationships
Rattlesnake

Mission

Arroyo Burro

CS-EC

264.5

392.0

513.2

CS-EC 95% CI lower

242.1

361.8

CS-EC 95% CI upper

287.0

EC

Carpinteria

Bell Canyon

Franklin

443.8

607.6

352.8

442.2

412.1

497.2

249.4

422.2

584.3

475.6

717.9

456.2

24.5

254.3

58.9

292.7

82.9

22.3

38

EC

95% CI lower

19.8

172.9

38.5

216.4

51.5

14.1

EC

95% CI upper

29.1

335.7

79.3

369.1

114.2

30.6

δEC

598.7

1016.0

1496.0

1161.0

2005.0

1269.0

δEC 95% CI lower

572.9

928.3

1357.0

1081.0

1832.0

1160.0

δEC 95% CI upper

624.5

1105.0

1635.0

1240.0

2178.0

1377.0

R2

0.69

0.49

0.44

0.62

0.62

0.43

F-statistic

2074.0

672.2

597.5

1222.6

570.5

468.1

p-value

<0.0001

<0.0001

<0.0001

<0.0001

<0.0001

<0.0001

n

915

1034

806

763

399

742

Table 6. Nitrate VWMs and MADs calculated using lower and upper CS-CE and CB-CE 95% confidence intervals
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Stormflow

Rattlesnake

Mission

Arroyo Burro

Carpinteria

Bell Canyon

Franklin

Nitrate VWM

92.5

68.7

112.4

95.0

231.0

206.9

Nitrate MAD

32.8

39.1

41.7

141.1

49.8

94.9

Nitrate VWM - MAD

59.7

29.6

70.7

-46.1

181.2

112.0

Nitrate VWM + MAD

125.3

107.8

154.1

236.1

280.8

301.8

CS (hyperbolic fit)

85.2

65.4

90.2

93.1

245.8

289.8

% difference (absolute)†

7.9

4.8

19.8

2.0

6.4

40.1

Baseflow

Rattlesnake

Mission

Arroyo Burro

Carpinteria

Bell Canyon

Franklin

Nitrate VWM

23.3

59.5

82.0

410.5

1315.8

1220.0

Nitrate MAD

10.0

25.1

21.9

134.2

309.2

310.7

Nitrate VWM - MAD

13.3

34.4

60.1

276.3

1006.6

909.3

Nitrate VWM + MAD

33.3

84.6

103.9

544.7

1625.0

1530.7

CB (hyperbolic fit)

0.2

67.9

71.4

489.2

1619.8

1743.8

% difference (absolute)†

99.1

14.1

12.9

19.2

23.1

42.9

† |(Nitrate VWMStormflow – CS) * 100| and |Nitrate VWMBaseflow – CB * 100|

Figure 1. Locations of watersheds included in study. Land use is indicated by color: urban =
black, agricultural = green, and undeveloped = white. Note: bare rock and urban/suburban
land use have undifferentiated spectral signatures, hence the apparent urban/suburban land
use in the upland (northern) region of the watersheds (black speckling pattern). This land use
is in actuality bare rock (i.e., undeveloped).
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Figure 2. Mean monthly precipitation for three Santa Barbara precipitation gauges (water
year ranges) located at elevations of 30 m (1868-2008), 364 m (1951-2008), and 1,000 m
(1967-2008).
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Figure 3. (a) Locally weighted scatter plot smooths (LOWESS) of nitrate concentration (µM)
versus runoff (mm hr-1) for watersheds delineated by land use class; undeveloped (- • -),
urban (—), and agricultural (---) watersheds. From top to bottom, the smooths correspond to
Franklin, Bell Canyon, and Carpinteria. (b-d) Scatter plots of nitrate versus runoff, LOWESS
smooths (---), and hyperbolic equation fits (—) for (b) Rattlesnake, (c) Mission, and (d) Bell
Canyon watersheds. Note: the apparent large deviation between the LOWESS smooth and
hyperbolic equation fit for lower nitrate-runoff data points for Rattlesnake watershed is a
function of the log-log scale, as the magnitude deviation in y-intercept nitrate concentrations
is only ~7 µM.
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Figure 4. (a) Locally weighted scatter plot smooths (LOWESS) of electrical conductance (µS
cm-1) versus runoff (mm hr-1) for watersheds delineated by land use class; undeveloped (- • ), urban (—), and agricultural (---) watersheds. (b-d) Scatter plots of electrical conductance
versus runoff, LOWESS smooths (---), and hyperbolic equation fits (—) for (b) Rattlesnake,
(c) Mission, and (d) Bell Canyon watersheds.
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Figure 5. Nitrate versus electrical conductance plots for agricultural watersheds (a) Bell
Canyon and (b) Franklin. Diameter of data points are proportional to runoff magnitude,
except for the smallest diameter points, which have been enlarged for visibility. Linear
regression equations are [Nitrate] = 0.56[EC] – 97.5 (R2 = 0.87) for Bell Canyon and
[Nitrate] = 0.98[EC] – 78.75 (R2 = 0.88) for Franklin.
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Figure 6. Nitrate versus electrical conductance plots for the undeveloped watershed (a)
Rattlesnake and an agricultural watershed (b) Carpinteria. Diameter of data points are
proportional to runoff magnitude, except for the smallest diameter points, which have been
enlarged for visibility. Seasonal time of year of sample collection is denoted by data point
color. Linear regression equations for Rattlesnake are [Nitrate] = -0.16[EC] + 154.0 (R2 =
0.86) for the upper regression line and [Nitrate] = -0.16[EC] + 91.2 (R2 = 0.76) for the lower
regression line.
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Figure 7. Nitrate versus electrical conductance plots for urban watersheds (a) Arroyo Burro
and (b) Mission. Diameter of data points are proportional to runoff magnitude, except for the
smallest diameter points, which have been enlarged for visibility. Seasonal time of year of
sample collection is denoted by data point color.

46

Figure 8. Nitrate versus electrical conductance plots for all watersheds grouped by land use:
white data points with black outline = undeveloped watershed (Rattlesnake), black data
points = urban watersheds (Arroyo Burro and Mission), and grey data points = agricultural
watersheds (Carpinteria, Bell Canyon, and Franklin).
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Figure 9. (a) Upland water contributions for storm series in 2003, 2004, and 2005 for Mission
watershed. (b) Lowland nitrate modes for five developed watersheds as a function of upland
water contribution over the observed 2003 through 2005 range (8% to 88%). Lowland
nitrate modes are presented as percentage changes relative to the whole watershed (i.e.,
upland and lowland combined) nitrate mode for given upland water contributions.
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Chapter 3. Radon residence times reveal temporal evolution and variability of
dissolved inorganic nitrogen in beach pore water

Introduction
In coastal marine regions, dissolved inorganic nitrogen (DIN, the sum of ammonium,
nitrite, and nitrate) can be a limiting nutrient for primary production (Howarth and Marino,
2006; Ryther and Dunstan, 1971) but pollutant when supplied in excess quantity, causing
harmful algal blooms, eutrophication, and hypoxia (Cloern, 2001; Diaz and Rosenberg,
2008). Sandy intertidal beaches can function as both sink and source of DIN to coastal
oceans, moderating excess fresh groundwater DIN delivery from coastal aquifers due to land
use impacts, and regenerating DIN from marine particulate and dissolved organic matter
(POM and DOM) in seawater that is continuously pumped through beach sands by waves
and tides. This collective discharge of fresh groundwater and recirculating seawater to
coastal oceans is termed submarine groundwater discharge (SGD) (Burnett et al., 2003).
Recirculating seawater comprises a high percentage of SGD, even along coastlines with
aquifer-ocean connectivity, ranging from 50% to over 99% of SGD (Li et al., 1999; Martin et
al., 2007; Robinson et al., 2007; Urish and McKenna, 2004). As a result, the regeneration of
DIN from marine POM and DOM in recirculating seawater can be a dominant source of DIN
delivered to coastal oceans via SGD (Barreiro et al., 2013; Santos et al., 2009; Swarzenski
and Izbicki, 2009), and is therefore an important process to understand when examining the
role of beaches in coastal marine nitrogen cycles. However, characterizing this DIN delivery
can be challenging due to high temporal variability in SGD and biogeochemical conditions in
beach pore water.
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The temporal variability and hydrologic controls of SGD have been studied using
direct measurements, numerical modeling, and radioisotopic tracers such as radon ( 222Rn)
and the radium quartet (223Ra, 224Ra, 226Ra, and 228Ra) (reviewed in Burnett et al., 2003).
However, the temporal variability and biogeochemical controls on pore water DIN
concentrations have received less attention, despite recognition of the dynamic
biogeochemical conditions in pore water that can significantly alter DIN concentrations
through time (Santos et al., 2008; Santos et al., 2009). One way to identify this temporal
variability is to couple DIN concentration measurements with residence time determinations
using a residence time tracer. Residence time is defined as the amount of time that has
elapsed since a volume of groundwater (or pore water) entered the subsurface hydrologic
system (Bethke and Johnson, 2008). Radon, a conservative, radioisotopic gas with a 3.8 day
half-life, is continuously produced from the radioactive decay of 226Ra adsorbed to sediments
(Swarzenski et al., 2003), and has been employed as a residence time tracer in terrestrial
groundwater (Bertin and Bourg, 1994; Hoehn and Von Gunten, 1989) and beach pore water
environments (Colbert et al., 2008). Radon is able to resolve residence times up to ~ 15 to 19
days, making it an effective residence time tracer in beach pore water (Colbert et al., 2008).
In this study, we demonstrate the first use of radon as a residence time tracer to
identify the temporal evolution and variability of DIN concentrations in beach pore water.
We coupled radon residence time determinations with measurements of DIN, total dissolved
nitrogen (TDN), dissolved organic carbon (DOC), and particulate organic carbon and
nitrogen (POC and PON, respectively) in beach pore water at four predominantly marineinfluenced beaches along the Santa Barbara, California coastline. Tides have been shown to
exert a dominant control on pore water discharge (Kim and Hwang, 2002; Li et al., 1999;
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Taniguchi, 2002) and transit times (Robinson et al., 2007), so we hypothesized that pore
water residence time distributions (RTDs) would shift as a function of tidal amplitude. As
such, integrating modeled RTDs with modeled DIN vs. residence time relationships would
allow a calculation of pore water volume-weighted mean (VWM) DIN concentrations, the
variability of which could identify the interactive controls of temporal hydrologic and
biogeochemical variability on DIN concentrations in beach pore water. SGD DIN delivery is
routinely calculated assuming end-member concentrations that do not account for this
variability. Our study 1) directly addresses the validity of this assumption, and 2) determines
whether radon can be effectively employed as a residence time tracer to reveal patterns in the
temporal evolution of DIN in beach pore water environments.

Methods
Sites description
The four study sites are located along the northern coast of the Santa Barbara Channel
(Fig. 6). The coastal geomorphology of the region is characterized by unconsolidated sand
beaches backed by 3 to 30 m high uplifted marine terraces (Patsch and Griggs, 2008) which
preclude significant fresh groundwater inputs (Swarzenski and Izbicki, 2009). Beach
sediments consist of well-sorted fine to medium sands with an overall median grain size of
281 µm and a range of median grain sizes of 207 to 483 µm (J. Dugan, personal
communication). Beach widths during the study period (July 2012 through June 2013),
measured from the base of the bluff on the back beach to the water line, averaged 35 m and
ranged from 10 m to 55 m. Sand depths, measured from the sand surface to underlying
bedrock, averaged 1.4 m and ranged from 0.4 m to 2.3 m. Sand density and porosity were
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1.4 ± 0.1 g/mL and 0.34 ± 0.02 (mean ± 1σ; n = 25). The tidal regime in the Santa Barbara
Channel is mixed semi-diurnal with tidal ranges less than 2 m (Dugan et al., 2011).

Pore water and nearshore seawater sample collection and analysis
Pore water samples were collected during ebb tides for ammonium, nitrite + nitrate
(hereafter nitrate), total dissolved nitrogen (TDN), dissolved organic carbon (DOC),
particulate organic carbon and nitrogen (POC and PON, respectively), and salinity using
hollow-core stainless steel piezometers (2 cm screen) and a hand-held peristaltic pump
(Woessner, 2007). Ammonium, nitrate, TDN, and DOC samples were filtered with 0.7 µm
GF/F filters (Whatman), POC and PON samples were collected on 25 mm 0.7 µm GF/F
filters (Whatman), and salinity samples were unfiltered. Nearshore seawater samples were
collected for the same analytes as pore water samples on the ebb to flood tide transition by
wading in ~ 1 m water depth. Pore water samples were collected at multiple locations
(distance between sample locations was 6.3 ± 4.6 m; mean ± 1σ) and at multiple depths,
where feasible, along shore-normal transects running from the base of the bluff on the back
beach to the wave run-up line.
Ammonium and nitrate concentrations were determined on a Lachat Flow Injection
Autoanalyzer (Hach Company). The detection limit for ammonium and nitrate was 0.5 µM,
precision was ± 0.4 µM for ammonium and ± 0.1 µM for nitrate, and accuracy was ± 6% for
ammonium and nitrate. DOC and TDN were measured by high temperature combustion
(HTC) using a Shimadzu (Shimadzu) TOC-VCSH system coupled with a Shimadzu Total
Nitrogen analyzer (Letscher et al., 2013). The precision for DOC and TDN was ± 1 to 2 µM.
Dissolved organic nitrogen (DON) was calculated as the difference between TDN and the
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sum of ammonium and nitrate. POC and PON were pre-acidified with HCl and measured by
high-temperature combustion using a CE440 CHN Elemental Analyzer (Exeter Analytical).

Pore water and nearshore seawater radon activity sample collection and analysis
Pore water and nearshore seawater radon activity samples (Rnpw and Rnsw,
respectively) were collected at two study beaches, East Campus and Manzanita, in 615 mL
glass bottles (radon bottles) with custom gas-tight sampling caps. Rnpw were collected by
driving piezometers to target sampling depths and filling with approximately 250 mL pore
water (260 ± 22 mL). Rnsw were collected during the ebb to flood tide transition in ~ 1 m
water depth by filling with approximately 500 mL of surf zone seawater (452 ± 65 mL).
Rnpw and Rnsw were determined on a RAD7 Radon-in-Air instrument (Durridge Company)
using a closed-loop, continuous circulation with 15-minute count intervals and total count
durations of 1.25 to 3 hours. Headspace radon activities measured with the RAD7 were
converted to water sample radon activities:

where Rn = pore water or nearshore seawater sample radon activity (Bq L -1), Rnair = radon
activity in the air loop (Bq L-1), Vair = volume of the air loop (1.5 L + Vair of pore water
sample bottle headspace), α = radon air-water partition coefficient, and V = volume of the
pore water or nearshore seawater sample. The radon air-water partition coefficient was
calculated following Weigel (1978):
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where T = temperature of the pore water sample. A temperature of 21.5°C was used in all
radon calculations, which was the equilibrium temperature determined for a pore water
sample incubated in the laboratory for 5 days.

Equilibrium pore water radon activity sample collection and analysis
Equilibrium radon activity samples (Rneq) were collected at multiple locations along
the shore-normal transects at two study sites, East Campus and Manzanita. Approximately
50 mL of sand was collected from the top of the water table and mixed in an approximate 1:4
to 1:5 volume ratio with unfiltered nearshore seawater in radon bottles. The sand-seawater
mixture was initially purged for 20 minutes with ambient laboratory air to remove initial
radon and incubated in the laboratory for two weeks (16.6 ± 3.3 days) to allow ingrowth of
radon, at which point they were analyzed using a closed-loop, continuous circulation on the
RAD7 as described above. Equilibrium radon activity was calculated as:
(

)

where Rneq = equilibrium radon activity (Bq L-1), Msand = mass of sand (g), φ = sand density
(g L-1), and θ = porosity (dimensionless).

Radon residence time calculations
Nearshore seawater is deficient in radon relative to pore water (Table 1). Once this
seawater infiltrates into beach sands, becoming pore water, it begins to accumulate radon
from the decay of 226Ra, and will do so until the rate of radon production is equal to radon
decay, yielding the equilibrium radon activity (Rneq). Pore water residence times can
therefore be calculated using the disequilibrium between the pore water sample radon activity
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(Rnpw) and mean equilibrium radon activity (

) (Bertin and Bourg, 1994; Colbert et al.,

2008):
(

) (4)

where τ = pore water sample residence time (days), λ = radon decay constant (0.18 days),
Rnpw = pore water sample radon activity (Bq L -1), and

= mean equilibrium radon

activity (Bq L-1). Nearshore seawater radon activities (Rnsw) were subtracted from pore water
radon sample activities, yielding pore water radon activities corrected for the initial seawater
activity and nearshore seawater residence times of 0 days.

Residence time distribution (RTD) modeling
A two-parameter gamma distribution was used to model the probability density
distribution of pore water sample residence times:
(5)
where h = probability density of residence times (0 – 1), τ = residence time of pore water
sample, α = shape parameter, β = τmean/α (τmean = mean residence time), and Γ(α) = gamma
function (a normalization constant making the area under the distribution equal to 1). A
Kolmogorov-Smirnov test was used to assess the goodness of fit of the two-parameter
gamma distribution to the pore water RTD.

Salinity sample collection and analysis
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Specific electrical conductance values were measured using a YSI 3100 conductivity
instrument (Yellow Springs) and were converted to salinity using a simplified general
equation for salinity (Schemel, 2001) originally described by Lewis (1980).

Results and Discussion
The mixing of fresh groundwater into saline pore water can potentially alter residence
time determinations, due to the radon in fresh groundwater. Using our measured pore water
radon activities and an assumed fresh groundwater radon activity of 23.2 Bq L -1, which is the
mean groundwater radon activity for the Santa Barbara, California region (City of Santa
Barbara Public Works), we calculated the radon activity due solely to beach sand production
for pore water samples that had seawater percentages < 100% by using a two end-member
mixing model based on salinity measurements, which assumes that pore water is a twocomponent mixture of recirculating seawater and fresh groundwater:
(6)
where Rns = pore water sample radon activity due to radon production in beach sands, Rns+gw
= pore water sample radon activity resulting from both beach sand and fresh groundwater
aquifer production, Rngw = mean radon activity in fresh groundwater (23.2 Bq L-1), and Psw =
percentage of seawater in pore water sample. We used these fresh groundwater-corrected
pore water radon activities to derive residence times using Eq. (4). We note that this method
yields maximum differences between residences times calculated with and without a fresh
groundwater component, as radon in fresh groundwater is essentially unsupported once
entering the beach pore water and constitutes a progressively smaller proportion of the radon
activity in pore water as it decays through time. Fifteen of the 53 pore water samples from
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the radon dataset had a seawater percentage < 100%. Removal of the radon activity of the
fresh groundwater for these samples showed that the mean difference between residence
times calculated with and without the fresh groundwater radon activity was 2.8 ± 4.3 days,
with a median difference of 1.2 days.

Dissolved inorganic nitrogen (DIN) temporal evolution in pore water
We used modeled DOC:TDN ratios from the radon dataset (Fig. 1a) and the negative
exponential relationship between DIN and DOC:TDN (Fig. 1b) for the entire dataset to
calculate DIN concentrations over the range of observed residence times in beach pore water
(Fig. 2a). Further, we used two combinations of the equilibrium DOC:TDN ratio (1.4 in Fig.
1a) from the radon dataset, and DIN y-intercept (642 µM in Fig. 1b) from the overall dataset,
to capture the range in observed DIN concentrations. To model the highest (lowest) DIN
concentrations, we used the lower 95% CI (upper 95% CI) estimate of the equilibrium
DOC:TDN ratio of 0.7 (2.1), and upper 95% CI (lower 95% CI) estimate of the DIN yintercept of 767 µM (518 µM). These modeled DIN temporal evolution (i.e., DIN-te) curves
are shown as “DIN-te (high)” (“DIN-te (low)”) curves in Fig. 2a. The DIN-te curves showed
that the pore water DIN concentration was initially ~ 10 µM in infiltrating seawater (i.e.,
mean of seawater DIN concentrations), and rapidly increased between ~ 1 to 3 days, attaining
asymptotically maximum DIN concentrations ranging from a low of 62 µM (i.e., DIN-te
(low)) to a high of 373 µM (DIN-te (high) around residence times of ~ 6 to 8 days, remaining
more or less constant thereafter (Fig. 2a).
The decline in the pore water DOC:TDN ratio from 10.9 in infiltrating seawater to
approach a low DOC:TDN of 1.4 at longer residence times (Fig. 1a) was in large part caused
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by the rapid increase in the DIN concentration as primarily ammonium (Figs. 2a and 3b).
This DIN increase likely resulted from the relative absence of labile DOC from
photoautotrophic activity (Biddanda and Benner, 1997; Biersmith and Benner, 1998; Hama
and Yanagi, 2001) and thus an increasing reliance of microbial metabolism on DON
compounds such as amino acids, which are hydrolyzed from proteins via microbial
extracellular enzymes (Pantoja et al., 1997; Vetter et al., 1998) and deaminated to produce
ammonium. The photosynthetic activity of photoautotrophs in seawater can provide DOC
substrates, such as dissolved carbohydrates (DCHO), which are highly labile and therefore
rapidly consumed to fuel microbial metabolism (Amon et al., 2001; Arnosti et al., 1994).
The absence of a renewed source of these DCHO compounds, such as would be the case in
the dark pore water environment, would shift the reliance of the microbial community to
other compounds that were present in higher abundance, such as more nitrogen-rich DOM
compounds from algal detritus and microbial biomass (Burdige and Zheng, 1998; Burney,
1986; Canuel and Martens, 1993). The mean POC:PON ratio of 7.6 ± 1.8 was similar
throughout all pore water samplings (Fig. 4), indicating that the main source of POM to pore
water was algal- and microbially-derived and fairly constant throughout the year (Rusch and
Huettel, 2000; Santos et al., 2009; Seidel et al., 2014). In contrast, the DOC:DON ratios
were more variable (10.9 ± 15.3) (Fig. 4), and became lower as the pore water DON
concentration increased with residence time (Figs. 3c and 4), illustrating the shift to more
nitrogen-rich DOM compounds with increasing residence time (Seidel et al. 2014; Schmidt et
al. 2011). In addition, dehydration (i.e., condensation) reactions, which cause aromatization
of microbial degradation products and fulvic and humic substance formation (Nissenbaum
and Kaplan, 1972; Schmidt et al., 2011), and bonding of ammonium with reactive functional
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groups of DOM (McKee and Hatcher, 2010), can decrease the lability of pore water DOM.
These processes may explain why DIN concentrations asymptote around residence times of 6
to 8 days (Fig. 2a) despite high pore water DOC concentrations (Fig. 3a), as microbial
activity becomes substrate-limited by the decrease in labile DOM, either through exhaustive
consumption or production of less labile forms through the above mechanisms.

Volume-weighted mean (VWM) dissolved inorganic nitrogen (DIN) concentrations
Although the pore water volume in the beach is unknown, the proportion of the pore
water volume with residence time equal to or less than a given residence time τ can be
described by the cumulative RTD (Bolin and Rodhe, 1973):
∫

(7)

where τ = pore water residence time (days), v = volume of pore water with residence time ≤ τ,
V = total volume of pore water within a defined beach domain, and P = pore water residence
time cumulative probability density function. The derivate of the pore water residence time
cumulative probability density function P is the pore water probability density function p,
which defines the probability density at any residence time τ. Therefore, if V is normalized
to 1 (V/V), then the proportional pore water volume equal to τ within the defined beach
domain is given by the residence time probability density at τ, and the pore water VWM DIN
concentration can be calculated as:
∫

(8)

where VWM DIN = pore water volume-weighted mean DIN concentration (µM), p = pore
water residence time probability density at τ, and DIN = pore water DIN concentration at τ.
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A Kolmogorov-Smirnov test showed that the two-parameter gamma distribution was
a good fit to the pore water RTD (D = 0.18; p = 0.51). We used the shape parameter α (3.6)
from the modeled RTD for the overall radon dataset (n = 53) to model two additional RTDs
using the shortest and longest mean residence times observed for pore water sampling events
(β = τmean/α), thereby representing the observed range in pore water RTDs (Table 1; Fig. 2b).
We used these three probability density distributions of pore water residence times (Fig. 2b),
in combination with the DIN-te modeled curves (Fig. 2a), to calculate pore water volume
weighted-mean DIN concentrations (VWM DIN) (Table 2) according to Eq. (8). VWM DIN
concentrations account for both residence time and DIN concentration variability in beach
pore water since they are the integrated product of the RTDs and DIN-te curves.
The RTD is not the same as the transit time distribution (TTD), which describes the
time elapsed from the initial infiltration of a volume of pore water into beach sands to its
ultimate exfiltration to the coastal ocean, versus the residence time which describes the time
elapsed from the initial infiltration of a volume of pore water into beach sands to the location
of its extraction. Therefore the TTD provides the most accurate estimate of the VWM DIN
concentration of pore water discharge. However, the similar mean residence times for the
fore and back beach, 5.4 and 5.7 days, respectively, and similar shape of the residence time
distributions (i.e., gamma; Dfront = 0.10, p = 0.88, n = 34 and Dback = 0.18, p = 0.50, n = 19)
(Figs. 5b and 5c) indicated that the overall RTD was a close approximation to the TTD (Fig.
5a). If this were not the case, we would expect to observe a significant shift toward shorter
residence times in the fore beach RTD, as the fore beach is both the hydrologic source and
sink region where seawater infiltrates and exfiltrates our marine-dominated study beaches
(i.e., mean pore water sample seawater composition was 93%, and ranged from a minimum
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of 85% to a maximum of 100%; Table 3). Such a shift to lower residence times in the fore
beach would also cause a larger difference in mean residence times and distributional shape
between the fore and back beach RTDs, which we did not observe (Figs. 5b and 5c).
Tides exert a dominant control on pore water circulation in all coastal regions with
SGD, regardless of the proportion of recirculating seawater versus fresh groundwater (Li et
al., 1999; Li et al., 2009; Robinson et al., 2007; Swarzenski et al., 2007; Taniguchi, 2002).
This tidal effect is evident in our study as a positive correlation between pore water mean
residence time and tidal amplitude (r2 = 0.75; F1,4 = 11.8; p < 0.05; Fig. 7). The tidal
amplitude was measured as the height difference between the higher high and lower low tide
for the days on which pore water sampling was conducted. These variations in tidal
amplitude result in a VWM DIN concentration (for a given DIN-te curve) for the RTD
modeled using the longest mean residence time that is 1.5 times (50%) larger than that
modeled using the shortest mean RTD (Table 2; Fig. 2b). Our VWM DIN concentrations
presume no variation in the magnitude of pore water discharge, but higher tidal amplitudes
are associated with higher pore water discharge (Li et al., 1999; Li et al., 2009; Taniguchi,
2002), so the increase in DIN flux would be even greater than the 50% elevation that we
observed here. In addition, variation in POM and DOM source loading over shorter
timescales on the order of pore water flushing (15.5 days, or ~ 2 weeks) can induce further
VWM DIN concentration variability, making our observed 50% elevation in VWM DIN
concentration the most conservative estimate. Macroalgal deposition onto Santa Barbara
beaches, composed predominantly of Macrocystis pyrifera (giant kelp), is hypothesized to be
a major source of DIN in beach pore water (Dugan et al. 2011; Barreiro et al. 2013), perhaps
explaining the large range in asymptotic modeled DIN concentrations (i.e., from 62 µM to
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373 µM) observed in pore water at later residence times (Fig. 2a). Thus, if a giant kelp
deposition event were to occur during a spring tidal phase, DIN produced from the
decomposition of this material could enrich beach pore water to a maximum concentration of
373 µM, thereby resulting in a VWM DIN concentration of 279 µM (i.e., DIN-te high, long
mean RTD scenario; Table 2). This DIN could then be flushed from beach pore water via the
concurrent removal of giant kelp by advection offshore and rapid decomposition over the
following ~ 2 weeks as the tidal phase transitioned from spring to neap. In the absence of the
source of DIN enrichment, the beach pore water asymptotic DIN concentration would then
decrease to 62 µM, which would result in a VWM DIN concentration of 31 µM (i.e., DIN-te
low, short mean RTD scenario; Table 2). Therefore the spring-neap tidal transition, in
combination with varying POM and DOM source loading, would produce a situation where
the VWM DIN was 9 times (800%) greater during the ‘spring tide, giant kelp’ loading phase
(279 µM) than the following ‘neap tide, absence of giant kelp’ loading phase (31 µM) (Table
2).
We observed a 1.5-fold difference in the VWM DIN concentration due to variable
RTDs for a given DIN-te curve, but for a given RTD, there is a 6.1-fold difference in the
VWM DIN concentration between the DIN-te high and DIN-te low curves, which can
increase to a 9-fold difference when considering a concurrent RTD and DIN-te shift (Table
2). However, the smaller difference in VWM DIN concentrations over the range of RTDs is
belied by the fact that SGD is positively correlated with tidal amplitudes (Li et al., 1999; Li
et al., 2009; Taniguchi, 2002), thus increasing the variability in DIN fluxes over spring-neap
tidal phases and elevating the DIN flux difference beyond 50%. This tidal influence on DIN
flux differences would be greater for coastal regions that experience larger tidal amplitude
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swings, resulting in larger shifts in RTDs over the spring-neap tidal phase. Therefore, in
coastal regions that experience microtidal regimes (i.e., lowest tidal amplitudes),
biogeochemical variability is likely the primary factor governing VWM DIN concentrations
in recirculating seawater (saline pore water), as the pore water RTD is relatively invariant.
However, inland hydraulic gradient changes in coastal aquifers could alter saline pore water
circulation (Robinson et al., 2007), in turn inducing higher RTD temporal variability,
although primarily as a fresh groundwater rather than tidal influence.
Our study demonstrates that variability in pore water RTDs and DIN vs. residence
time relationships (DIN-te curves) can interactively influence the pore water VWM DIN
concentration, and that the resultant differences in VWM DIN concentrations can range from
1.5- to 9-fold, equivalent to 50% to 800% increases, respectively, from the minimum to
maximum VWM DIN concentrations over the range in RTDs and DIN-te curves (Table 2).
This suggests that using a single end-member DIN concentration to calculate SGD DIN flux
over periods longer than the timescale of pore water residences times and flushing can result
in large errors by failing to account for interactive pore water hydrologic and biogeochemical
dynamics. Since SGD contains a high volumetric proportion of recirculating seawater
(ranging from 50% to > 99%) in coastal regions both with and without significant fresh
groundwater contributions (Li et al., 1999; Martin et al., 2007; Robinson et al., 2007; Urish
and McKenna, 2004), accounting for temporal variability in RTD and DIN concentrations is
necessary to obtain accurate estimates of DIN delivery to coastal oceans. Perhaps more
importantly though, using radon as a residence time tracer may reveal the temporal
biogeochemical dynamics of other compounds to provide a better understanding of the dual
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role of beach pore water environments in mitigating land-derived pollutants and maintaining
coastal marine biogeochemical cycles.
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Tables and Figures

Table 1. Nearshore seawater radon activity, mean pore water radon activity (± 1σ), mean
equilibrium radon activity, and mean residence time for Manzanita and East Campus study
beaches.

Seawater Pore water Equilibrium
222

Rn

Sample date
12 Jul 2012
30 Aug 2012
27 Mar 2013
26 Jun 2013
East Campus 17 Jul 2012
29 Aug 2012
Site
Manzanita

n
6
6
10
13
7
11

-1

(Bq L )
0.03
0.15
0.08
0.07
0.32
0.07
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222

Rn
-1

(Bq L )
3.4 ± 1.0
4.1 ± 1.7
3.4 ± 1.1
3.6 ± 1.2
3.5 ± 1.2
3.0 ± 0.8

222

Rn
-1

(Bq L )
6.9 ± 2.7
6.9 ± 2.7
5.5 ± 0.8
5.3 ± 0.9
4.7 ± 1.3
4.7 ± 1.3

τmean
(days)
4.0 ± 1.8
6.8 ± 4.9
5.5 ± 2.9
5.9 ± 3.2
5.0 ± 2.8
5.4 ± 2.3

Table 2. Volume-weighted mean (VWM) dissolved inorganic nitrogen (DIN) concentrations
(µM) for combinations of three DIN-te curves (Fig. 2a) and three pore water residence time
distributions (RTDs) (Fig. 2b).

DIN-te low DIN-te mid DIN-te high
Mean τ short (4.0 days)

31

78

189

Mean τ

(5.5 days)

43

107

258

Mean τ long (6.8 days)

46

116

279
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Table 3. Mean (1σ) values of pore water salinity, seawater percentage, dissolved inorganic nitrogen (DIN: ammonium and
nitrate), total dissolved nitrogen (TDN), dissolved organic nitrogen and carbon (DON and DOC), and particulate organic carbon
and nitrogen (POC and PON) for all study beaches.

Site
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Sample date
17 Jul 2012
29 Aug 2012
East Campus 31 Jan 2013
28 Feb 2013
21 Apr 2013
12 Jul 2012
30 Aug 2012
Manzanita
27 Mar 2013
26 Jun 2013
02 Feb 2013
Isla Vista 02 Mar 2013
23 Apr 2013
01 Feb 2013
Gaviota 01 Mar 2013
17 Apr 2013
a

n
8
11
13
5
3
6
6
10
13
14
13
10
15
12
12

Total
dissolved
Seawater Ammonium
Nitrate
nitrogen
a
%
(µM)
(µM)
(µM)
Salinity
32.9 (1.9)
100 (5) 158.8 (233.8)
2.0 (0.2)
266.2 (387.1)
32.8 (1.4)
100 (4) 137.3 (92.1)
5.7 (5.5)
199.1 (170.8)
30.6 (1.9)
94 (5) 185.1 (248.9) 10.3 (34.0) 259.1 (264.6)
30.6 (1.8)
94 (5) 192.6 (115.0) 23.5 (31.5) 249.4 (131.2)
30.8 (2.0)
95 (6) 145.8 (106.9)
1.3 (1.0)
184.0 (136.9)
32.9 (1.1)
99 (3)
39.9 (52.5) 146.9 (222.0) 209.8 (190.2)
32.0 (3.1)
97 (8)
31.4 (31.8) 149.8 (303.6) 154.5 (215.3)
33.3 (0.7)
100 (2) 154.3 (104.9)
0.3 (0.2)
213.9 (126.7)
33.6 (2.1)
100 (6) 180.0 (156.2)
1.4 (1.8)
274.6 (178.0)
31.6 (1.5)
97 (4) 159.2 (207.5)
1.6 (3.1)
199.0 (250.9)
31.5 (1.1)
97 (3) 100.1 (191.3)
1.3 (2.9)
139.6 (225.5)
28.0 (4.3)
86 (12) 35.3 (33.2) 106.5 (184.8) 167.4 (174.2)
30.8 (6.2)
94 (18)
8.1 (8.4)
28.0 (56.4)
39.6 (38.5)
31.7 (2.9)
98 (8)
14.8 (19.1)
27.3 (64.9)
57.4 (83.2)
27.4 (10.2) 85 (29)
11.1 (9.6)
16.3 (33.9)
41.2 (36.1)

Dissolved
organic
nitrogen
(µM)
94.9 (148.1)
57.8 (74.1)
62.5 (31.1)
47.2 (28.2)
62.0 (18.7)
20.7 (15.0)
8.1 (4.2)
55.0 (29.6)
87.6 (84.7)
43.9 (46.0)
36.3 (46.4)
24.8 (24.0)
10.8 (3.5)
15.0 (22.0)
14.6 (6.0)

Dissolved
organic
carbon
(µM)
276.2 (153.8)
239.3 (211.3)
435.4 (220.6)
386.9 (122.0)
349.6 (204.1)
213.9 (111.0)
235.4 (210.5)
314.0 (177.8)
338.6 (250.0)
180.6 (134.7)
153.7 (102.6)
261.3 (303.3)
141.9 (185.9)
113.5 (75.7)
161.2 (149.1)

Particulate
organic
carbon
(µM)
382.4 (180.3)
330.5 (118.6)
310.4 (319.2)
314.1 (221.3)
158.9 (36.8)
257.2 (105.8)
164.2 (66.2)
241.3 (123.4)
NS
192.7 (158.2)
231.8 (131.8)
164.5 (53.7)
184.2 (49.0)
138.3 (46.8)
122.8 (22.8)

Particulate
organic
nitrogen
(µM)
57.3 (20.1)
41.5 (14.9)
34.5 (31.9)
41.5 (22.2)
21.6 (7.9)
38.3 (24.5)
21.6 (7.1)
31.5 (15.1)
NS
23.1 (16.2)
35.3 (16.8)
25.1 (10.6)
27.8 (7.8)
23.9 (8.6)
16.4 (3.9)

Seawater % was calculated as Psw = [Ssample - Sgw(1 - Psw)]Ssw-1 × 100, where Psw = seawater percentage, Ssample = measured sample salinity, Sgw = fresh
groundwater salinity (assumed to be 0), and Ssw = measured seawater salinity

Fig. 1. (a) Negative exponential relationship between pore water dissolved organic carbon
(DOC) to total dissolved nitrogen (TDN) ratio and residence time (n = 59). (b) Negative
exponential relationship between pore water dissolved inorganic nitrogen (DIN)
concentration and DOC:TDN ratio (n = 166).
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Fig. 2. (a) Modeled pore water residence time probability density distributions (gamma) for
three observed mean pore water residence times; short (4.0 days), overall mean (5.5 days),
and long (6.8 days). Empirical pore water residence time distribution for entire radon dataset
(i.e., overall mean) shown as histogram (bars). (b) Seawater and pore water dissolved
inorganic nitrogen (DIN) concentration vs. residence time. The three modeled DIN-te (i.e.,
DIN temporal evolution) curves were calculated using the modeled DOC:TDN ratio vs.
residence time (Fig. 1a) and DIN vs. DOC:TDN relationships (Fig. 1b).
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Fig. 3. Residence time relationships for nearshore seawater and pore water analytes (n = 60)
(a) dissolved organic carbon (DOC), (b) ammonium, (c) dissolved organic nitrogen (DON),
and (d) nitrate.

70

Fig. 4. Organic carbon vs. organic nitrogen scatterplot for particulate and dissolved
fractions. Robust locally-weighted scatterplot smooths (Cleveland, 1981) shown for
particulate and dissolved fractions with smoothing parameter (f) of 0.35. Five outlier points
are not shown for visual presentation purposes: (DOC, DON) points of (1091, 41), (1057,
348), (819, 262), and (538, 461); (POC, PON) point of (1336, 137).
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Fig. 5. Pore water residence time probability density distributions for (a) entire radon
dataset, (b) fore beach (normalized shore-perpendicular distances > 0.5), and (c) back beach
(normalized shore-perpendicular distances < 0.5) regions with fitted gamma distributions.
Mean pore water residence times shown as vertical dashed lines.

72

Fig. 6. Study beach locations along the Santa Barbara, California coastline.
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Fig. 7. Mean pore water residence time (τ) vs. tidal amplitude relationship with fitted linear
equation (n = 53). Tidal amplitude was calculated as the difference between the higher high
and lower low tidal elevations (semi-diurnal tide) for the day on which individual pore water
sampling events occurred.
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Chapter 4. Influence of seawater and pore water dissolved organic matter composition
on bacterioplankton dissolved inorganic nitrogen uptake

Introduction
Marine interstitial environments, such as intertidal and subtidal sediments, play key
roles in the carbon and nitrogen cycles of shallow coastal ocean regions (Boudreau et al.,
2001). Seawater circulation through porous sandy sediments, a dominant sedimentary type
in high-energy shallow waters, is driven by waves, tides, and bottom currents (Precht and
Huettel, 2003; Rusch and Huettel, 2000). Particulate organic matter (POM) from the open
water column is introduced with this seawater, and undergoes rapid conversion to dissolved
organic matter (DOM), carbon dioxide (CO2), and dissolved inorganic nitrogen (DIN,
initially in the form of ammonium) via sedimentary heterotrophic microbial activity
(Billerbeck et al., 2006; de Beer et al., 2005). Interstitial environments therefore act as
biocatalytic filters that convert POM to DOM and dissolved inorganic nitrogen (DIN). This
DIN can be taken up by primary producers and heterotrophic bacterioplankton communities
in overlying and adjacent seawater, thereby forming a recycling loop between open water and
interstitial environments.
Interstitial environments have significantly higher DIN and dissolved organic
nitrogen (DON) concentrations than open water marine environments (Burdige and Zheng,
1998), in large part due to the dominance of heterotrophic microbial activity (Lomstein et al.,
2009). Heterotrophic microbial biomass is nitrogen-rich (i.e., low biomass C:N ratios) due to
high cellular protein content (Fukuda et al., 1998). The turnover of this biomass, caused by
viral lysis, grazing, and enzymatic hydrolysis of dead biomass, results in higher
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concentrations of DON in pore water relative to seawater (Epstein, 1997; Meyer-Reil, 1987;
Wilhelm and Suttle, 1999). Further, the relative absence of an autotrophic influence in dark
interstitial settings, in the form of provision of dissolved organic carbon (DOC) compounds
such as dissolved carbohydrates (DCHO), likely contributes to high DIN concentrations due
to carbon-limitation of microbial biomass and therefore greater reliance on DON compounds
(Burdige and Martens, 1988). DON compounds such as amino acids are deaminated to form
ammonium, which accumulates in pore water, thereby elevating the pore water DIN
concentration and making interstitial environments a source of DIN to primary producers and
bacterioplankton.
The amount of pore water DIN that is taken up by bacterioplankton is highly
dependent on the lability, and hence composition, of DOM sources that enable
bacterioplankton growth and metabolism (Kirchman et al., 1990; Wheeler and Kirchman,
1986). In addition to the often large difference in DIN and DON concentration between
seawater and pore water, DOM composition often differs between seawater and pore water as
well, which can alter the lability of DOM compounds to bacterioplankton, and therefore
magnitude of bacterioplankton DIN uptake. Fluorescence spectroscopy has been used to
examine differences in the composition of DOM through the identification of important
chemical compound classes in marine environments, such as humic substances (HS) and
amino acids (e.g., tyrosine and tryptophan), which fluoresce when exposed to ultraviolet
(UV) and visible light (Coble et al., 1990; Stedmon and Markager, 2005).
The respiratory quotient (RQ), which is the ratio of the production of CO 2 to the
consumption of dissolved oxygen (O2), is a complementary measure to fluorescence
spectroscopy that can indicate the broad compound classes of DOM that are respired by
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bacterioplankton communities (Berggren et al., 2011). RQs less than 1 can indicate
metabolism of O-poor DOM, such as amino acids and lipids, whereas RQs greater than 1 can
indicate metabolism of O-rich substrates such as carbohydrates (Dilly, 2001). In addition,
assumed RQs, in the range of 0.7 to 1.2, are routinely used as conversion factors to derive
CO2 production estimates from O2 consumption data in studies of microbial respiration in
marine environments (Berggren et al., 2011). However, RQs can be temporally variable,
reflecting changes in available DOM sources and consequently the apportionment of the
carbon (C) and oxygen (O) contained within the DOM toward respiratory (i.e., ATPgenerating) and biosynthetic (i.e., biomass and enzyme formation) pathways (Dilly, 2001).
Bacterioplankton are the primary mineralizers of DOM in marine environments, therefore
making accurate assessments of CO2 production derived from O2 consumption (i.e. RQs)
important in accurately describing dissolved organic and inorganic carbon dynamics in
marine systems.
In this study, I assessed how DOM composition and temporal alterations in DOM
composition in seawater and pore water influence DIN uptake, using a combination of
excitation emission matrix (EEM) fluorescence spectroscopy, respiratory quotient
determinations, and DIN (i.e., ammonium and nitrate) concentration analysis in a 7-day timeseries dark incubation. I hypothesized that the mixing of seawater and pore water would
provide labile DOC sources from water column primary production (i.e., DCHO) that would
allow higher DIN uptake than that observed for seawater or pore water alone (i.e., 100%
seawater or 100% pore water).

Methods
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Seawater and pore water collection
Seawater and pore water samples were collected in beaches along the Santa Barbara,
California coastline over two sampling periods (May 2014 and June/July 2014). Twenty
liters of seawater were collected at ~ 0.5 m depth in the surf zone by submerging a carboy
underwater and filling to capacity. For pore water collection, a stainless-steel, hollow point
piezometer tipped with a 2 cm slotted screen was hand-driven into the sand approximately
0.3 m into the seepage face of the beach. Tygon tubing was attached to the top of the
piezometer and connected to a peristaltic pump (GeoTech, Inc.). Sixteen liters of pore water
was pumped at a rate of ~ 0.5 L min-1 into a 20 L carboy. Both the seawater and pore water
carboys (20 L each) were immediately returned to the laboratory and placed in a 14°C cold
room with caps loosely screwed on to allow gas exchange. The average coastal sea surface
temperature in Santa Barbara is 14°C (NOAA).

Seawater and pore water incubation preparation and sampling
Collected seawater and pore water were allowed to sit in the 14°C cold room for a
period of ~ 24 hours. After this period, seawater and pore water were gravity-filtered
through 142 mm 0.2 µm pore size nitrocellulose filters with a 1.2 µm nitrocellulose pre-filter
(Millipore) and apportioned into 5 L multi-layer gas sampling bags (Restek) fitted with 3/16”
polypropylene inlet valves, hereafter referred to as treatment bags. Seawater and pore water
carboys were continuously stirred using magnetic stir bars and stir plates for the duration of
the filtering and establishment of the treatment bags. Three different volumetric
combinations of filtered seawater and pore water were established with two treatment bags
per combination—4 L seawater/0 L pore water (SW treatment), 2 L seawater/2 L pore water
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(SW/PW treatment), and 0 L seawater/4 L pore water (PW treatment). After the volumes of
seawater and pore water were distributed into their respective bags (total of 6 treatment bags,
2 bags per volume combination), 1 L of inoculum was gravity-fed into each treatment bag in
sequence through a 47 mm 2.7 µm pore size glass-fiber filter. All volumes were determined
gravimetrically using a mean measured seawater density of 1.01 g mL -1. Treatment bags
were each placed on an oscillating shaker for 10-15 minutes to allow water to mix and
homogenize. Treatment bags remained in a 14°C cold room and were subsequently gravitysampled daily for a range of analytes (see below) for the duration of a 10-day (May) and 7day (June/July) incubation period. The duration of each incubation was determined by the
period over which CO2 production and O2 consumption was linear. On each day of
sampling, treatment bags were placed on an oscillating shaker for 5-10 minutes prior to
sample collection to mix and homogenize treatment water inside the bag before sample
collection.

Dissolved carbon and nitrogen sample collection and analysis
Dissolved organic carbon (DOC) and total dissolved nitrogen (TDN) water samples
were gravity-filtered with 0.7 μm GFF filters and collected in duplicate in 40 mL Qorpak
Kaptclean vials. Ammonium (NH4+) and nitrate (NO2- + NO3-) samples were gravity-filtered
with 0.7 μm GFF filters and collected in duplicate in 14 mL polycarbonate tubes. Both DOC
and TDN and ammonium and nitrate samples were frozen after collection.
DOC and TDN were measured by high temperature combustion (HTC) using a
Shimadzu (Shimadzu) TOC-VCSH system coupled with a Shimadzu Total N analyzer
(Letscher et al., 2013). The N oxidation product nitric oxide (NO) was quantified by reaction
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with ozone and detection of the resulting chemiluminescence. The precision for DOC and
TDN was ± 1 to 2 µmol L-1. Ammonium and nitrate concentrations were determined on a
Lachat Flow Injection Autoanalyzer (Hach Company). Ammonium was measured by adding
base to the sample stream, which converted NH4+ to NH3. Nitrate was measured using the
Griess-Ilosvay reaction after cadmium reduction. The detection limit for both ammonium
and nitrate was 0.5 µmol L-1, precision was ± 0.4 µmol L-1 for ammonium and ± 0.1 µmol L-1
for nitrate, and accuracy was ± 6% for both ammonium and nitrate. Dissolved organic
nitrogen (DON) was calculated as the difference between TDN and the sum of ammonium
and nitrate.

pCO2, pH, dissolved O2, and temperature sample collection and analysis
Dissolved O2 samples were gravity-collected unfiltered in 125 mL rectangular
polycarbonate bottles and measured using a YSI ProODO (YSI Inc.,Yellow Springs, OH)
optical dissolved oxygen unit. Immediately after collection the optical probe was inserted
into the mouth of the 125 mL bottle and excess sample water was displaced, ensuring the
probe remained fully submersed. Sample temperature was allowed to equilibrate for 10
minutes, whereupon dissolved O2 (in both concentration and % saturation units), barometric
pressure, and temperature (T) measurements were recorded. Dissolved O2 concentrations
were corrected for specific conductance and temperature following Benson and Krause
(1984). Accuracy of dissolved O2 measurements per manufacturer specification was ± 3 µM.
Forty mL of sample water for CO2 samples were gravity-collected unfiltered in a 140
mL polycarbonate syringe and subsequently shaken and equilibrated with 100 mL of ambient
air for 1 minute. Background air CO2 (ppmv) was recorded before injecting the sample
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headspace into an EGM-4 infra-red gas analyzer (PP Systems). The sample CO2
measurement was allowed to stabilize for ~ 10 – 20 seconds before recording. Water CO2
concentration (μM) was calculated using the CO2 solubility coefficient at the measured water
temperature and seawater density (Weiss, 1974) with correction for background air CO2.
pH samples were collected in 50 mL Falcon tubes, and measured within 1 to 2 hours
of sampling on an Oakton Ion 510 series pH meter using a temperature compensation probe.
A 3-point calibration was performed using pH buffer solutions of 4.0, 7.0, and 10.0.
Accuracy per manufacturer specifications was ± 0.01 pH.

Respiratory quotients (RQs)
The respiratory quotient (RQ), which is the ratio of CO 2 production to O2
consumption, was calculated for each treatment bag using the ratio of the linear regression
slopes for CO2 and O2 measurements (mCO2 and mO2) for the 7-day incubation (RQ =
mCO2/mO2) (Berggren et al., 2011). Nitrification can potentially bias O2 consumption
estimates since O2 is a required substrate for the oxidation of ammonium and nitrite (Dilly,
2003); two moles of O2 are consumed per 1 mole of nitrate produced in a complete
nitrification reaction (Ebeling et al., 2006). I used the mean nitrate concentrations observed
on day 7 for each treatment to calculate a mean nitrate production rate over the 7-day
incubation. Although nitrate formation did not begin until around days 4 to 5, the 7-day
average rate is calculated over the same interval as the CO2 production and O2 consumption
estimates, and therefore can be subtracted from the O2 consumption rate to yield O2
consumption due solely to DOM oxidation (i.e. not resulting from consumption by
nitrification).
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Fluorescent dissolved organic matter (FDOM) sample collection and analysis
Fluorescent dissolved organic matter (FDOM) samples were collected and analyzed
for the June/July incubation only. Samples were gravity-filtered with 0.7 μm GFF filters and
collected in 14 mL Falcon tubes, and were then analyzed on a Varian Cary Eclipse
fluorimeter using a 10 mm quartz cuvette (Helma Analytics). Samples were scanned over
excitation wavelengths of 240 to 450 nm and emission wavelengths of 300 to 600 nm, with a
band pass of 10 nm for excitation and 2 nm for emission scans. Two Nanopure water blanks
were run for discrete sample sets, with their fluorescence intensities subtracted from sample
fluorescence intensities. All samples were Raman-calibrated using the Raman fluorescence
peak between the 370 and 428 nm emission wavelengths for an excitation wavelength of 350
nm. First and second order Rayleigh scatter peaks were removed from all excitationemission matrices (EEMs) Blank subtraction and Raman-calibration yielded fluorescence
intensity values in Raman Units (RU). Excitation-emission matrices (EEMs) were
constructed from FDOM data measured for each treatment bag during each sampling day (n
= 42 for 7-day incubation period) using the fluorescence intensities (RU) measured over the
range in excitation (240 to 450 nm) and emission (300 to 600 nm) wavelengths.

Results
Ammonium was the dominant form of dissolved inorganic nitrogen in the SW/PW
and PW treatments, but was undetectable for the duration of the incubation in the SW
treatment (Table 1). On day 1 of the incubation ammonium concentration was initially 41.3
± 0.6 µM (mean ± 1 standard deviation) and 42.0 ± 0.1 µM in the two PW treatment bags,

82

and 21.4 ± 0.4 µM and 21.1 ± 0.1 µM in the two SW/PW treatment bags. Ammonium
showed apparent slight to no decrease by the end of the incubation in the PW treatment bags,
dropping to only 39.7 ± 0.1 µM and 41.9 ± 0.2 µM on day 7 (Figure 1). In the SW/PW
treatment bags, ammonium showed larger decreases than the PW treatment bags, with
ammonium concentration decreasing to 14.9 ± 0.1 µM and 14.6 ± 0.1 µM on day 7 (Figure
1). Nitrate was initially undetectable in all treatment bags, but increased to 0.9 ± 0.5 µM in
one of the SW treatment bags (the other remained undetectable), 2.0 ± 1.3 µM and 1.9 ± 0.9
µM in the SW/PW treatment bags, and 1.3 ± 1.1 µM and 1.3 ± 1.0 µM in the PW treatment
bags.
For the May incubation, carbon dioxide (CO2) production was highest for the PW
treatment at 1.8 and 2.8 µM CO2 d-1 and lowest for the SW/PW treatment at 1.1 and 1.2 µM
CO2 d-1 (Table 1). Dissolved oxygen (O2) consumption was highest for the PW treatment at
2.5 and 4.5 µM CO2 d-1 and lowest for the SW/PW treatment at 1.2 and 1.5 µM CO 2 d-1
(Table 1). For the June/July incubation, CO2 production was highest for the SW/PW
treatment at 4.2 and 5.6 µM CO2 d-1 and lowest for the SW treatment at 0.6 µM CO2 d-1 and
negative in the second SW treatment bag (indicating consumption of CO 2) (Figure 2; Table
1). Dissolved oxygen consumption was highest for the SW/PW treatment at 8.8 and 9.9 µM
O2 d-1 and lowest for the SW treatment at 4.0 and 4.8 µM O 2 d-1 (Figure 2; Table 1). The pH
values for the SW, SW/PW, and PW treatments bags for the May incubation were 7.74 ±
0.02 and 7.79 ± 0.03, 7.72 ± 0.02 and 7.73 ± 0.02, and 7.58 ± 0.03 and 7.62 ± 0.03,
respectively, and for the June/July incubation were 8.12 ± 0.01 and 8.15 ± 0.02, 7.85 ± 0.03
and 7.83 ± 0.04, and 7.55 ± 0.02 and 7.55 ± 0.02, respectively (Table 1). Variability in pH
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was due to uniform pH declines in all treatments. Water temperatures in all treatments for
the May incubation were 15.0 ± 0.1°C and for the June/July incubation were 14.8 ± 0.2°C.
Respiratory quotients (RQs) ranged from 0.46 to 1.03 in the May incubation for all
treatments, and from 0.30 to 0.59 in the June/July incubation for SW/PW and PW treatments
(Table 1). Due to the low CO2 production rate for one of the SW treatment bags, and
negative production (i.e., consumption) of CO2 for the other SW treatment bag in the
June/July incubation, RQs for the SW treatment were 0.16 and -0.06 even after correcting for
O2 consumption due to nitrification (Table 1). Nitrification-corrected RQs for the SW/PW
and PW treatments, ranging from 0.31 to 0.63, were similar to the uncorrected RQs and
indicated minor influence of nitrification on RQs in these two treatments.
Three excitation-emission regions of maximal FDOM fluorescence were identified,
corresponding to UV and visible humic-like regions at excitation/emission wavelengths of
250/427 nm and 335/426 nm, respectively, and one protein-like peak at 240/313 nm (Figure
3). All three treatments showed similar increases in protein-like peak fluorescence over the
7-day period (Figure 4). PW FDOM fluorescence was initially highest at 0.02 and 0.03 RU,
with SW lowest at 0.01 to 0.02 RU. The SW/PW and SW FDOM fluorescence showed a
linear increase between days 2 and 5, whereas PW FDOM showed a maximal increase
between days 2 and 3 and appeared to asymptote around 0.06 RU. The SW/PW and SW
FDOM showed a decrease from days 5 to 6, and then the highest rates of fluorescence
increase from day 6 to 7. By day 7, the SW/PW FDOM had attained the highest fluorescence
(0.09 and 0.13 RU), SW was second highest at 0.07 and 0.08 RU, and PW was lowest at 0.06
and 0.07 RU (Figure 4). In addition, the emission wavelength of peak fluorescence for the
protein-like peak exhibited a red-shift (i.e., increase in wavelength) for PW FDOM relative to
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SW FDOM, with the SW/PW FDOM samples appearing to be intermediate between the two
wavelengths
UV and visible humic-like fluorescence (excitation/emission wavelengths of 250/427
and 335/426) showed a similar pattern in all three treatments, with PW consistently highest,
SW/PW intermediate, and SW lowest in fluorescence intensity (Figures 5 and 6). Initial
fluorescence intensities for PW, SW/PW, and SW FDOM were ~ 0.22, 0.14, and 0.06 RU,
respectively, for the UV humic-like peak, and ~ 0.11, 0.06, and 0.01 RU for the visible
humic-like peak, respectively. There was a sharp increase in the fluorescence intensity of all
treatments between days 2 and 3 (Figures 5 and 6). Thereafter fluorescence intensities for
both visible and UV humic-like regions remained elevated and more or less constant.
However, the visible humic-like mean fluorescence intensities for the SW/PW treatment
(average of both treatment bags per day) and the UV humic-like mean fluorescence
intensities for the PW treatment showed significant declines from day 3 to 7, at -0.003 RU d-1
(95% confidence interval (CI) = -0.005, -0.001) and -0.010 RU d-1 (95% CI = -0.017, 0.003), respectively (Figures 5 and 6).

Discussion
The very low and negative RQs observed for the SW treatment bags over the course
of the 7-day June/July incubation were perplexing, as I was able to detect small but
significant increases in CO2 production for the May SW treatment (1.4 and 1.6 µM d -1), and I
detected higher O2 consumption rates in the June/July SW incubation (4.2 and 5.0 µM d-1)
than in the May incubation (2.4 and 3.6 µM d-1), indicating active DOM oxidation by the
bacterioplankton community. The low RQs in the June/July incubation are likely explained
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by CaCO3 (calcite) formation, as pH was very high (8.13 and 8.17) for the SW treatment
bags at the beginning of the June/July incubation (Berggren et al., 2011; Hammes and
Verstraete, 2002). In contrast, pH values were lower (7.75 and 7.76) for the SW treatment
bags in the May incubation. High pH and alkalinity, as seen in the June/July SW incubation,
can convert much of the respired CO2 to CaCO3 (Hammes and Verstraete, 2002). Regardless
of this CO2 loss, the SW treatment bags had the lowest RQs in the May incubation, and likely
also the lowest for the June/July incubation since the pattern in the magnitude of RQs was
identical (i.e., SW/PW RQ > PW RQ > SW RQ).
A strong negative relationship has been observed between RQ and net autotrophy in
an analysis of freshwater lake ecosystems (Berggren et al., 2011). I saw a similar pattern in
our coastal marine ecosystem, as pore water is a heterotrophic-dominated system relative to
the seawater. In seawater, active phytoplankton communities can contribute a higher
abundance of relatively O-poor cellular substrates that bacterioplankton respire (Hedges et
al., 2002). Although phytoplankton exude O-rich substrates, such as carbohydrates, that can
periodically elevate the O:C ratio of DOM (Larsson and Hagström, 1979), the RQs for the
SW treatment bags indicate that these exudates were either not abundant in the water column
at the time of sampling, or were not used at the same rate as O-poor cellular substrates.
Overall, the RQs for all treatments for both May and June/July incubations ranged
from a low of 0.31 to a high of 1.03, indicating bacterioplankton oxidation of reduced,
relatively O-poor DOM compounds (e.g., lipids, proteins) relative to RQs observed in other
marine studies (Oviatt et al., 1986). The RQs from the SW treatment bags for the May
incubation, 0.46 and 0.58, are 17% to 62% lower than the RQs (0.7 to 1.2) that are typically
assumed for open water bacterioplankton respiration (Berggren et al., 2011; Oviatt et al.,
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1986), and all but three of the measured RQs fell below 0.7 (Table 1). The SW/PW and PW
treatments both had higher RQs than the SW treatment, indicating bacterioplankton oxidation
of relatively O-rich DOM, although this SW/PW and PW DOM would still be considered Opoor compared to environments with more abundant carbohydrate sources that elevate the
RQ to 1 or higher (Oviatt et al., 1986). Marine humic substances (HS) can have relatively
high O content, ~ 30 – 50% (ash-free dry mass), due to the presence of carboxyl and
carbonyl functional groups (Rashid and King, 1971). HS comprise a large fraction of DOM
and are often considered refractory due their complex structure and high aromaticity
(McKnight et al., 2001), although some studies have shown that this is not necessarily the
case, and some HS may be biologically labile (Miller and Moran, 1997; Nieto-Cid et al.,
2006). Important precursor molecules in the formation of marine HS are carbohydrates and
amino acids derived from phytoplankton cells. These compounds are progressively degraded
by microbial activity, allowing for abiotic condensation reactions that can form HS and
contribute O-containing functional groups to HS chemical structures (Obernosterer and
Herndl, 2000; Tranvik, 1993). Carbohydrates and amino acids are often found in higher
concentration in marine pore water compared to seawater environments, and their active
degradation can result in higher concentrations of HS in pore water relative to seawater
(Henrichs, 1992). I observed a pattern of overall higher peak fluorescence intensities in pore
water relative to seawater for both humic-like peaks (UV and visible; Figures 5 and 6),
indicating that pore water likely had a higher concentration of HS than seawater.
Both the FDOM and RQ data indicate that relatively O-rich HS may have contributed
to bacterioplankton respiration in the 7-day June/July incubation. Theoretical RQs for the
oxidation of a model terrestrial HS compound (C308H328O90N5) range from 0.29 to 0.91
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(Dilly, 2001), and the RQ values for PW treatment bags fall within this range (0.42 and 0.63
for the June/July incubation). Further, there was a significant decline in peak fluorescence
intensities in the UV humic-like peak for PW from days 3 to 7 (Figures 5 and 6). This
decline was not observed in the SW treatment, which showed essentially no change in
fluorescence over that time period (i.e., increase of 0.001 RU) (Figure 5). For the visible
humic-like peak, there was a significant decline in peak fluorescence intensity in the SW/PW
treatment and no change in the SW treatment from days 3 to 7 (i.e., decrease of 0.001 RU)
(Figure 6). The FDOM compounds that contribute to the visible humic-like fluorescence
peak are considered more labile than those contributing to UV humic-like fluorescence
(Stubbins et al., 2014).
The declines in both UV and visible peak fluorescence indicate a loss of HS that can
only be due to bacterioplankton oxidation, as treatments were incubated in the dark and
therefore not subject to potential photochemical oxidation. In natural marine settings,
photochemical degradation is one of the main causes of HS oxidation, although
bacterioplankton oxidation is also important. The latter is particularly enhanced by
photochemical oxidation that produces smaller molecular weight HS that are more easily
metabolized by the bacterioplankton community (Amador et al., 1989; Miller and Moran,
1997). Photochemical oxidation can explain the lower initial fluorescence in SW on day 1 of
the incubation, and perhaps the absence of decreases in peak UV and visible humic-like
fluorescence that is seen in the SW/PW and PW treatments over the 7-day incubation
(Figures 5 and 6). Photochemical oxidation in seawater produces CO 2 and CO from HS,
decreasing O:C ratios of the residual HS. The low RQs in the SW treatment bags could in
part be a product of bacterioplankton oxidation of photochemically-altered HS with low O:C
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ratios, although at lower rates than the SW/PW and PW treatment bags as indicated by the
lower O2 consumption rate in the SW treatment bags (Table 1). Therefore the 7-day
incubation may have been too short to detect a decrease in SW UV and visible humic-like
fluorescence. Longer time-series incubations could identify whether there is indeed a
decrease in humic-like fluorescence for SW.
The dramatic increase in both UV- and visible-like fluorescence intensities from day
2 to 3 in all treatments (Figures 5 and 6) indicated rapid production of HS, which is
commonly observed in other studies of HS production due to bacterioplankton degradation
(Lønborg et al., 2009; Nieto-Cid et al., 2006; Yamashita and Tanoue, 2003). Further, this
increase coincided with an increase in protein-like fluorescence (excitation/emission
wavelengths of 240/313), which is also consistent with rapid mineralization of DOM,
producing DON substrates (e.g., amino acids). The degradation products of these substrates
are important precursors to the formation of HS (Nissenbaum and Kaplan, 1972). The rate of
increase in protein-like fluorescence between days 2 and 3 was highest for the PW treatment,
but thereafter PW increases appeared to be overall lower than both the SW/PW and SW
treatments (Figure 4), likely due to the onset of bacterioplankton carbon-limitation. This
onset is apparent in the ammonium concentration data of both PW treatment bags, as
ammonium decreased for the first 3 days of the incubation, but then increased on day 4, and
remained at or slightly lower than ammonium concentrations on day 1 (Figure 1). The
increase on day 4 was likely the result of amino acid respiration under limiting supply of Crich substrate. Carbon-limitation can also explain the decrease in UV- and visible-like
fluorescence between days 3 to 7. During this period bacterioplankton were likely nondiscriminatively metabolizing any carbon sources available, including HS, which are
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typically less labile than other DOM forms. This pattern is also observed in the SW/PW
treatment bags up until days 5 through 7. At this time, ammonium in the SW/PW
incubations linearly declined to reach a concentration that was ~ 6 – 7 µM lower on day 7
than that of day 1, compared to ammonium concentrations on day 7 in the PW treatment
bags, which were 0.6 µM higher and 2.3 µM lower than day 1 (Figure 1). The PW treatment
bags therefore showed ammonium changes by day 7 that were 6% lower and 2% higher than
initial ammonium concentrations on day 1, whereas the SW/PW treatments bags showed
ammonium changes that were 29% and 32% lower by day 7 relative to day 1 (Figure 1).
This pattern, as well as higher CO2 consumption rates in the SW/PW treatment (Table 1),
indicated that the lability of seawater DOM and/or HS produced under SW/PW mixing is
likely greater than that of pore water DOM, which allowed higher % usage of DIN
(ammonium) from pore water.
In summary, I have shown that RQs ranged from 0.31 to 1.02 (Table 1) over the 7day incubation period, indicating oxidation of reduced compounds such as proteins, lipids,
and possibly humic substances (HS). Plots of peak fluorescence intensity showed rapid
increases in both UV and visible humic-like fluorescence in all treatments between days 2
and 3, followed by significant decreases in UV humic-like fluorescence for PW and visible
humic-like fluorescence for SW/PW for day 3 through 7 (Figures 5 and 6). No change in the
SW treatment was seen for either types of humic-like fluorescence between days 3 and 7
(Figures 5 and 6). The significant decline for the SW/PW treatment visible humic-like
fluorescence, not seen in the SW or PW treatments, may indicate different pathways of HS
formation and chemical structures of HS produced under seawater and pore water mixing.
Combining the plot of peak protein-like fluorescence with the ammonium concentration
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time-series indicated that the decrease in UV humic-like fluorescence seen in the PW
treatment was likely the result of C-limitation inducing oxidation of less labile compounds
such as HS, as ammonium concentration declined from day 1 through 3 but peaked on day 4
and remained elevated for the remainder of the incubation (Figure 1). This coincided with
protein-like fluorescence intensities for the PW treatment that remained fairly constant from
day 3 through 7, indicating greater reliance on oxidation of DON compounds such as amino
acids than the SW/PW treatment, which showed an overall greater increase in protein-like
fluorescence (Figure 4) and greater decrease in ammonium concentration (Figure 1). Mixing
of seawater and pore water (SW/PW treatment) lead to ammonium concentration declines
between 29% and 32%, whereas pore water alone (PW treatment) only showed a decline of
6% and increase of 2% over the course of the incubation (Figure 1). This illustrates the
important coupling between interstitial and seawater environments in shallow coastal marine
areas, where seawater and pore water mixing can enhance bacterioplankton uptake of the
DIN produced within sediments. This enhanced DIN uptake may be the product of more
labile seawater DOM and/or the formation of more labile DOM (e.g., HS) under seawater
and pore water mixing.
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Tables and Figures

Table 1. Mean ammonium and nitrate concentrations (± 1 SD), mean pH, CO 2 production
rates, O2 production rates, and respiratory quotients (RQs) for May and June/July dark
incubations

Ammonium Nitrate
(µM)
(µM)
May

SW
SW/PW
PW

June/July

SW
SW/PW
PW

1
2
1
2
1
2
1
2
1
2
1
2

0.5
0.5
17.9 ± 2.3
18.0 ± 2.0
39.9 ± 1.9
40.7 ± 2.3

0.7 ± 0.5
0.5
0.9 ± 0.8
0.9 ± 0.7
0.8 ± 0.5
0.7 ± 0.4

Italics = not significant at 95% confidence level
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pH
7.74 ± 0.02
7.79 ± 0.03
7.72 ± 0.02
7.73 ± 0.02
7.58 ± 0.03
7.62 ± 0.03
8.12 ± 0.01
8.15 ± 0.02
7.85 ± 0.03
7.83 ± 0.04
7.55 ± 0.02
7.55 ± 0.02

Respiratory
quotient
-1
-1
(µM d ) (µM d )
(RQ)
1.6
3.6
0.46
1.4
2.4
0.58
1.1
1.5
0.78
1.2
1.2
1.03
2.8
4.5
0.63
1.8
2.5
0.72
0.6
4.0
0.16
-0.3
4.8
-0.06
5.6
8.8
0.63
4.2
9.9
0.42
3.5
7.9
0.44
2.2
7.1
0.31
m CO2

m O2

Figure 1. Time series of ammonium concentration changes for the June/July incubation.
Values are normalized by subtraction of ammonium concentrations observed on day 1 of the
incubation for each treatment bag.
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Figure 2. Time series of CO2 (circles) and O2 (triangles) concentrations for all treatments in
the June/July incubation with linear fits. Error bars denote ± 1 standard deviation.
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Figure 3. Example of excitation-emission matrix (EEM) showing three identified peak
fluorescence regions: UV humic-like, visible humic-like, and protein-like. The z-axis is in
Raman Units (RU).
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Figure 4. Time series of protein-like peak fluorescence intensities for three treatments in the
June/July incubation.
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Figure 5. Time series of UV humic-like peak fluorescence intensities for three treatments in
the June/July incubation.
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Figure 6. Time series of visible humic-like peak fluorescence intensities for three treatments
in the June/July incubation.
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